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Chapter 1 
Introduction 
Linear alkylbenzenesulfonate (LAS) was introduced in 1965 as a biodegradable 
alternative to branched alkylbenzenesulfonates (1) and since has become the most widely 
used anionic surfactant in domestic and commercial detergent formulations (2, 3). In 1995, 
the world-wide consumption of LAS was estimated at 2.8 x 106 tons and is expected to 
reach 4.0 x 106 tons by the year 2005 (3). Because of its widespread use in detergents 
and subsequent disposal to wastewater treatment facilities, LAS biodegradability and 
environmental fate have been the focus of numerous studies over the past 30 years. 
Several reports document the presence of LAS and its biodegradation products as 
micropollutants in domestic sewage influents and effluents (4-9) and in surface waters (5, 
9-11) and groundwater (6, 12). While the fate of LAS in wastewater treatment systems 
and receiving surface waters is well-documented, few studies describe LAS fate in 
groundwater. 
The environmental fate of surfactants in groundwater also is of interest because 
surfactants are being evaluated as potential agents for enhancing the remediation of 
aquifers contaminated with dense non-aqueous phase liquids (DNAPL).  Numerous 
laboratory studies describe the ability of surfactants to enhance the solubility and mobility 
of DNAPL (13-16) and several report on the efficiency of surfactant-enhanced DNAPL 2 
recovery under field conditions (17-19). However, none of  these studies address 
surfactant behavior in groundwater per se. Processes such as sorption and biodegradation 
potentially affect the surfactant mixture composition and thus the physicochemical 
properties of the mixture such as the critical micelle concentration and ability to solubilize 
DNAPL, which are important for predicting the efficiency of surfactant-enhanced DNAPL 
recovery.  In addition, surfactants not completely recovered during remediation have the 
potential for becoming groundwater contaminants themselves.  Therefore, given the 
potential  for surfactants to occur in groundwater, whether as micropollutants or 
remediation additives,  it  is important to understand surfactant behavior in subsurface 
environments. 
Like most commercial surfactants, LAS is a complex mixture of homologs and 
isomers.  Commercial LAS mixtures typically consist of alkyl chain homologs ranging 
from 10 to 13 carbons, which are denoted as C10 to C13 (Figure 1.1). Each homolog has a 
n + m = 7-10 
H3C(CH2)nCH (CH2)mCH3 
Figure 1.1. General structure of LAS 
series of phenyl-position isomers in which the phenyl sulfonate group is attached to the 
alkyl chain at any position except the terminal carbon. The 2- and 3-phenyl isomers are 
defined as those isomers with the benzenesulfonate group attached at the second or third 3 
carbon of the alkyl chain and are referred to as the external isomers. The 4- to 7-phenyl 
isomers, where the benzenesulfonate group is attached to carbons 4-7, are referred to as 
the internal isomers. 
LAS is ionic and water-soluble and thus is inefficiently extracted into water-
immiscible solvents typically used for liquid-liquid extraction. The methylene blue active 
substances (MBAS) test has been used routinely as an indicator of anionic surfactants in 
groundwater (20).  In the MBAS test,  anionic surfactants form ion pairs with the 
methylene blue cation, which then are extracted into chloroform and determined 
spectrophotometrically. However, the test is non-specific and does not allow for the 
detection and quantitation of individual LAS homologs and isomers in the mixture. 
Because LAS partitions from water into hydrophobic phases such as C18 bonded-phase 
silica that are used in solid phase extraction (SPE), SPE is an alternative to liquid-liquid 
extraction. While SPE disks (C18) have been used for the isolation of LAS from sewage 
influents and effluents, the typical approach to disk elution requires multiple steps 
including extract collection, transfer, and solvent reduction (7, 21) Furthermore, LAS is 
nonvolatile  so  that  analysis by gas chromatography (GC) requires  derivatization. 
Conventional derivatization methods for sulfonates, including their conversion to sulfonyl 
chlorides (22, 23), methyl esters (22), and trifluoroethyl esters (9) are typically multi-step 
procedures that require the use of hazardous reagents (e.g., diazomethane).  Ion-pair 
derivatization (high-temperature esterification) is an alternative method for derivatizing 
sulfonated surfactants. In this process, LAS [RS03-Nal and an ion-pair reagent such as 4 
tetrabutylammonium hydrogen sulfate [N(Bu)4+HSO4 ] form ion pairs [RS03-N(Bu)41 in 
solution (7, 24). 
RS03-Na' + N(Bu)41-1SO4- *---> RS03- N(Bu)4++ Na f HSO4- (1) 
Upon injection in the high-temperature (300 °C) GC injection port, LAS derivatizes to its 
butyl esters [RSO3Bu] which are then chromatographically separated and individually 
quantified. 
RS03- N(Bu)4  > RSO3Bu + NBu3  (2) 
The second chapter of this study describes an improved "in-vial" disk elution technique for 
the determination of LAS in which LAS tetrabutylammonium ion pairs elute from the disk 
and derivatize upon injection. The technique saves time by eliminating several preparative 
steps and reduces the cost and amount of solvent needed for analysis. The method then is 
demonstrated for commercial liquid detergent products and primary sewage effluent and is 
the primary tool used to quantitatively determine LAS in groundwater samples collected 
for the fate and transport studies described in the Chapters 3 and 4. 
The LAS mixture used in these studies contains at least 20 different components, 
each with slightly different physicochemical characteristics that,  in turn, affect their 
transport and biodegradation. Several laboratory studies of LAS sorption to sediments 
report a correlation between LAS sorption and sediment organic carbon content, 
suggesting a hydrophobic sorption mechanism (25-27). Laboratory sorption studies also 
demonstrate greater LAS sorption for the longer alkyl chain homologs (26, 28) and 5 
external isomers (28), which also is consistent with a hydrophobic sorption mechanism. 
Other mechanisms such as electrostatic interactions have been described and may play a 
role in LAS sorption in the environment (26). 
Sorption processes affect the distribution of LAS mixture components between 
environmental compartments. For example, enrichment of the more hydrophobic longer 
alkyl chain LAS homologs (i.e., C12 and C13) in sewage sludge (5) and river sediments was 
observed (5, 11) as well as an enrichment of shorter alkyl chain homologs (i.e., C10 and 
C11) and internal isomers in sewage effluents (4, 29).  The resulting aqueous phase LAS 
mixtures are enriched in the more hydrophilic LAS components that are characterized by 
decreased partition coefficients and aquatic toxicities (30, 31). 
The pathway for LAS biodegradation under aerobic conditions  has been 
investigated extensively (1, 32).  The initial step in LAS biodegradation involves co-
oxidation of the terminal methyl group to form an alcohol that is then oxidized to a 
carboxylic acid (Figure 1.2).  The alkyl chain subsequently is shortened by stepwise f3-
oxidation to form sulfophenyl carboxylates (SPC) of varying alkyl chain lengths;  the 
process continues until 4-5 carbons remain in the alkyl chain, after which ring oxidation 
and desulfonation occur (Figure 1.2).  The initial co-oxidation step requires molecular 
oxygen, whereas 13-oxidation can proceed in the absence of oxygen using water as the 
electron acceptor (1,  32). Biodegradation rates of LAS components were found to 
increase as the length of the unsubstituted alkyl chain increased, such that the longer alkyl 
chain homologs and external isomers (i.e., 2- and 3-phenyl) are biodegraded most rapidly 
(1, 32). This phenomenon, referred to by Swisher as the "distance principle" (1), appears 6 
H3C  CH2 CH (CH2)8CH3 
co-oxidation 
H3 C  CH2 CH (CH2 )8COOH 
I3-oxidation 
S 0; Na 
+ 4(CH3COOH) 
H3 C	  CH2 CHCOOH 
ring opening 
desulfonation 
CO2 + S Oi + H2O 
(mineralization) 
Figure 1.2. General biodegradation pathway for 3-phenyl Cu-LAS. 7 
to be the result of steric hindrance caused by proximity to the benzenesulfonate group (1, 
32). 
Several reports document that LAS is readily biodegraded in aerobic, biologically-
active systems such as those that exist in sewage treatment systems and in surface waters 
(1, 5, 32-35). For example, removal of LAS during sewage treatment averaged 98% for 
activated sludge treatment and AO% for trickling filtration systems (5, 9) with half-lives in 
the range of 1-2 days for activated sludges (5, 35). Likewise, rapid biodegradation of LAS 
was observed in river water and sediment laboratory  microcosms, also with half-lives in 
the the range of 1-2 days (33-35). Monitoring of LAS in receiving surface waters 
indicated that LAS is removed extensively during sewage treatment resulting in river 
water LAS concentrations in the low ppb range (5, 9). In contrast, LAS  persists in low-
oxygen environments (<0.1 mg/L dissolved oxygen), such as  anaerobic sewage-sludge 
digestors (36) and sewage-contaminated groundwater (6, 20). 
Because of longer residence times, generally lower temperatures, a low degree of 
advection and dispersion, and decreased microbial populations and activity, groundwater 
as an environmental compartment is more susceptible to long-term contamination than are 
surface waters (6). Thus, predictions of LAS fate extrapolated from other environmental 
compartments may not be applicable to the groundwater environment. Few studies 
describe LAS transport and transformation in groundwater under in situ aquifer conditions 
and much of the information on LAS fate in groundwater is derived from laboratory 
microcosm experiments.  For example, reports on laboratory studies investigating LAS 
biodegradation in subsurface sediment and groundwater microcosms state half-lives in the 8 
range of 10-20 days (12, 33). However,  laboratory microcosm experiments utilizing 
subsurface water and sediments typically are conducted under aerobic conditions that may 
not be relevant to oxygen-depleted subsurface environments, which typically are present at 
contaminated sites. In addition, microcosm experimental designs do not take into account 
solute  transport which may be  significant  in  groundwater environments where 
biodegradation may proceed at relatively slow rates compared to groundwater flow. As a 
result, laboratory microcosm experiments may overpredict the actual extent of in situ 
biodegradation. Tracer tests offer the advantage of direct measurement of in situ 
processes in a relatively undisturbed natural environment  and thus may provide more 
realistic estimates of biodegradation. Although acquiring data from field investigations of 
contaminant fate and transport potentially may require more resources, extensive well 
arrays, and the coordination of interdisciplinary research, it is a source of "ground-truth" 
that can be compared to laboratory-derived predictions of a contaminant's environmental 
fate. 
The U.S. Geological Survey's Cape Cod Toxic Waste Research Site near 
Falmouth, MA is the site of an on-going investigation into the fate and transport of LAS in 
sewage-contaminated groundwater.  At this  location,  a sewage treatment  facility 
discharged secondary sewage effluent to infiltration sand beds from 1936 to 1995 and has 
resulted in a plume of sewage-contaminated groundwater that is approximately 5 km long, 
1.5 km wide, and 30 m thick (Figure 1.3). The U.S. Geological Survey has constructed an 
extensive well array downgradient of the infiltration beds for monitoring the sewage 
plume; the plume and well array are described in detail elsewhere (37, 38). Numerous 9 
70°32' 
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Figure 1.3. Map showing the location of the natural-gradient tracer tests (F347) and the 
sewage plume as delineated by methylene blue active substances (from Barber et al. [46]). 10 
studies have been conducted on the hydrology, microbiology, and inorganic and organic 
contaminant fate and transport in this plume (38-45). 
Initially, studies at this site described the occurrence and distribution of LAS and 
related compounds (6, 20). The results of these studies indicated that most (97%) of the 
LAS is removed during infiltration and that the LAS measured 500 m downgradient in 
oxygen-depleted groundwater was depleted in the longer alkyl chain homologs and 
external isomers (6). Metabolites of LAS also were present in the groundwater with a 
residence of >3 years (29) despite the fact that they potentially can be degraded in the 
absence of oxygen (1, 32). Based on these findings, it was hypothesized that LAS persists 
in groundwater due to oxygen-limitations, despite the presence of acclimated sewage-
derived microbial populations. 
An  array  of multilevel  monitoring  wells  located  approximately  300 m 
downgradient from the infiltration beds at site F347 (Figure 1.3) was used to conduct an 
initial natural-gradient pulsed tracer test in a suboxic (<0.1 mg/L dissolved oxygen) 
sewage-contaminated zone (46). The purpose of the field experiment was to investigate 
the transport characteristics of the LAS mixture because biodegradation was not expected 
to occur to a significant degree under the low-oxygen conditions. No biodegradation of 
the mixture was observed and chromatographic separation of the LAS mixture occurred 
during the 45-day test (46). 
The work presented in Chapters 3 and 4 is an extension of the investigations 
previously conducted at this site. The third chapter describes two pulsed tracer tests 
conducted in an aerobic (-9 mg/L dissolved oxygen) uncontaminated zone and a 1 I 
moderately aerobic (-1 mg/L dissolved oxygen) sewage-contaminated zone of the aquifer 
at site F347. These two tests were designed to investigate further the effect of sorption 
and biodegradation processes on the composition of the LAS mixture during transport and 
the role of dissolved oxygen concentration in LAS biodegradation as well as the response 
of the indigenous microbial population. Chapter 4 describes a continuous injection tracer 
test conducted in the moderately aerobic, sewage-contaminated aquifer zone, which 
allowed for the control and manipulation of dissolved oxygen concentrations. In addition, 
Chapter 4 describes parallel laboratory column experiments designed to model the 
continuous injection field experiment. The results of the continuous field test, including 
temporal changes in LAS concentration and mixture composition, are compared to those 
of the column experiments as well as to data obtained from the pulsed tracer test 
conducted in the same aquifer zone. 12 
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Abstract 
An "in-vial elution" technique was developed to elute C18 Empore solid phase 
extraction disks by placing them directly into gas chromatograph autosampler vials. Small 
13 mm C18 Empore disks were used to isolate linear alkylbenzenesulfonates (LAS) from 
samples of liquid detergent formulations and primary sewage effluent.  Instead of eluting 
the disks in a conventional manner, the C18 disks were removed from their supports and 
transferred directly to a 2 mL autosampler vial containing 0.005 M tetrabutylammonium 
hydrogen sulfate in chloroform. The vials are then placed in an autosampler tray for a 40 
min minimum equilibration  period where LAS  is  eluted  from the  disk  as  its 
tetrabutylammonium ion pair.  Upon injection, LAS is derivatized to its butyl esters. 
Quantitative recovery of LAS was obtained from samples of deionized water (99 ± 2%) 
and primary sewage effluent (95 ± 5%). The precision of the C18 Empore disk extraction 
and in-vial elution method, indicated by the relative standard deviation, was + 5% for 
liquid detergent products and primary sewage effluent. The in-vial elution method is rapid 
and semi-automated because the autosampler and GC instrumentation manage disk 
elution, sample injection, and LAS derivatization. 17 
Introduction 
Linear alkylbenzenesulfonate (LAS) is the highest volume anionic surfactant used 
in laundry detergent and household cleaning products (1). Rapid and cost-effective 
analytical methods are needed for the determination of LAS in detergent products for 
reasons of process control and quality assurance.  In  addition,  the  analysis of 
environmental samples is of interest because several reports document the presence of 
LAS in domestic sewage influents and effluents (2-7). While solid phase extraction disks 
(C18) have been used for the isolation of LAS from sewage influents and effluents, the 
typical approach to disk elution requires multiple steps including extract collection, 
transfer, solvent reduction, and derivatization (2, 4). 
The conventional disk elution technique consists of drawing solvents through the 
disk and collecting the extract. Because the disks can be removed from their supports and 
be folded or even cut into pieces, alternative elution techniques can be developed for 
further reductions in solvent use and analysis time. However, few alternative disk elution 
strategies have been reported. McDonnell et al. eluted 47 mm diameter C8 and C18 disks 
by soaking the disks in a beaker containing diethyl ether (8). Polynuclear aromatic 
hydrocarbons, polychlorinated biphenyls, and pesticides are recovered from disks by 
supercritical fluid extraction; however, specialized and expensive equipment is needed (9, 
10). 
In this paper we report an improved method for the determination of LAS that 
saves time by eliminating several preparative steps and reduces the cost and amount of 
solvent needed for analysis. A simple "in-vial" disk elution technique is presented whereby 18 
C18 disks are placed directly into 2 mL autosampler vials.  Because LAS is eluted as an 
ion-pair, in-vial elution couples disk elution with derivatization, since LAS ion pairs 
derivatize to butyl esters upon injection. The method for C18 isolation and in-vial elution 
of LAS then is demonstrated for the determination of LAS in liquid detergent products 
and primary sewage effluent. 
Experimental 
Reagents. A commercial mixture of LAS (50.05% active) was obtained from 
Vista Chemical Company.  The mixture was composed of four alkyl chain homologs 
including C10-LAS (21.8%), C11-LAS (39.1%), C12-LAS (28.4%), and C1-, -LAS (8.5%). 
Each homolog has phenyl-positional isomers because the phenyl sulfonate group is 
attached to the alkyl chain at positions 2 through 7.  Standards of 99% purity n-
tetradecanesulfonic acid (C14-SAS) and 99% purity 4-octylbenzenesulfonic acid (C8-LAS) 
(Aldrich Chemical, Milwaukee, WI) were purchased from Lancaster Synthesis Ltd., 
(Lancaster, England).  The C8-LAS and C14-SAS were selected for this study as the 
surrogate and internal standards, respectively, because they do not occur in commercial 
LAS mixtures. Reagent-grade tetrabutylammonium hydrogen sulfate (TBA) (Aldrich 
Chemical, Milwaukee, WI) was prepared as a 0.005 M solution in chloroform (Burdick 
and Jackson, Muskegon, MI). A solution of 30 mM sodium chloride (VWR Scientific, 
South Plainfield, NJ) was prepared in deionized water. 
Materials.  For solid-phase extraction, 13 mm diameter disks were cut from 
commercially-available, 47 mm diameter C18 bonded-phase silica Empore disks that were 
donated by the 3M Company (Minneapolis, MN). A 13 mm diameter polypropylene filter 19 
assembly (Millipore, Bedford, MA) was used to support each 13 mm C18 disk. The filter 
assemblies were placed on a vacuum manifold (Supelco, Bellefonte, PA) and fitted with 75 
mL polypropylene reservoirs (Figure 2.1). 
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Figure 2.1. Schematic diagram indicating steps involved in LAS isolation, in-vial elution, 
and derivatization. 
Samples.  Commercial liquid detergent products were purchased from a local 
market and are summarized in Table 2.1.  Each product was prepared as a 17 mg/L 
detergent solution in deionized water containing 1% (v/v) formalin. A sample of primary 
sewage effluent was collected from the Corvallis Sewage Treatment Plant in Corvallis, OR 20 
and immediately preserved with 1% (v/v) formalin to prevent microbial degradation. The 
sample was not filtered prior to extraction. 
Table 2.1. Weight Percent LAS in Liquid Detergent Products' 
Product Name  wt % LAS 
Dermassage Dishwashing Liquid  9.7 + 0.5 
Ajax Dishwashing Liquid  13.0 + 0.5 
Dove Dishwashing Liquid  20.0 + 0.2 
Wisk Double Power Concentrated Laundry Detergent  31.9 ±0.3 
All Laundry Detergent  33.7 ± 0.8 
Ivory Dishwashing Liquid  ndb 
Tide Ultra Concentrated Laundry Detergent  nd 
Palmolive Sensitive Skin Dishwashing Liquid  nd 
Lemon Scent Dawn Dishwashing Detergent  nd 
'Five replicate samples analyzed 
bindicates <3.5% LAS by weight of <6 mg of LAS in a 10 mL samples 
of a 17 mg/L liquid detergent product solution. 
Solid Phase Extraction.  The 13 mm C18 disks were pre-conditioned by first 
drawing 2 mL of ethyl acetate through each disk followed by air until the disk was dry. 
To wet the disk, 5 mL of methanol was then passed through the disk followed by 7 mL of 
deionized water.  The disks were not allowed to dry once the methanol was added. 
Samples of standard LAS (10-200 mL), liquid detergent products (10 mL), and primary 
sewage effluent (15 mL) were added to the reservoirs and spiked with 10 1.tg of the Cg-
LAS surrogate standard. The 30 mM NaCI solution was added to the samples to yield a 
minimum final concentration of 0.6 mM NaCl. Once the sample had passed through the 
disk under full vacuum, the reservoir was removed and the disk was dried in the disk 
assembly again under full vacuum for 10 min. 21 
For the solid phase extraction of primary sewage effluents, 13 mm diameter circles 
were cut from 47 mm diameter glass  fiber filters (1 p.m pore diameter)  (Whatman 
International Ltd., Maidstone, England). The 13 mm filter was then placed on top of the 
13 mm C18 disk in the filter assembly to minimize clogging of the C18 disk. The same disk 
preconditioning and sample extraction procedures described above were performed for the 
extraction of primary sewage effluent samples. However, once the disk was dry, 2 mL of 
chloroform were drawn through the disk prior to elution in order to remove co-isolated 
interferences originating from the sewage effluent sample. The chloroform was discarded, 
and the disk and filter were left together in the filter assembly and dried under full vacuum 
for 20 min. 
In-Vial Elution and Derivatization. Once dry, each disk was removed from its 
filter assembly and transferred directly to a 2 mL autosampler vial containing 0.5 mL of 
0.005 M TBA in chloroform into which 10 lig of the C14-SAS internal standard had been 
spiked (Figure 2.1).  For primary sewage effluent samples, the filter and the disk were 
placed together in the autosampler vial for elution. The vials then were capped and placed 
on the autosampler tray for a minimum of 40 min to allow for complete elution before 
initiating autoinjection. Upon injection, LAS derivatizes nearly instantaneously to its butyl 
esters in the 300 °C injection port (2, 11). 
Gas Chromatography. All extracts were analyzed by a Hewlett-Packard model 
5890 Series II gas chromatograph (GC) equipped with an autosampler, an SE-54 column 
(30 m x 0.25 mm i.d. x 0.25 p.m film thickness; Alltech, Deerfield, IL), and a flame 
ionization detector (FID). The oven temperature program and GC conditions were similar 22 
to those described by Field et al. (11) and included an initial temperature of 150 °C that 
was held for 5 min followed by a 10 °C/min ramp to a final temperature of 305 °C. 
Injection-port conditions consisted of an injector temperature of 300 °C, a 4 mm i.d. glass 
inlet liner packed with quartz wool, a split ratio of 1:20, and an injection volume of 1 pl. 
The flame-ionization detector was operated at 300 °C. 
Quantitation. Two calibration curves were initially constructed for the purpose 
of determining the absolute recovery of the C8-LAS surrogate standard and total LAS 
using the C14-SAS internal standard.  The two curves were constructed by ratioing the 
respective areas of the C8-LAS surrogate standard and LAS to the area of the C14-SAS 
internal standard and correlating the peak area ratios to the concentrations of the C8-LAS 
surrogate standard and LAS, respectively. 
Because both the C8-LAS and LAS quantitation curves used to determine absolute 
recoveries were linear, typically with r2 = 0.999, the correlation between the ratio of peak 
areas for LAS and the C8-LAS surrogate standard and the total LAS concentration also 
was linear (r2 = 0.999). Thus, a third calibration curve was constructed from the ratio of 
LAS to the C8-LAS surrogate standard, where the C8-LAS surrogate standard was used to 
quantitatively determine the concentration of LAS in samples of liquid detergent products 
and primary sewage effluent. 
Spike and Recovery Procedures.  Spike and recovery experiments using 
deionized water were performed in order to determine the accuracy and precision of the 
C18 Empore disk extraction and in-vial elution method.  Three to four replicate samples 
ranging from 10-200 mL and containing 50 ps standard LAS were spiked with 10 [is of 23 
the Cs-LAS surrogate standard and 30 mM NaC1 sufficient to yield a minimum final 
concentration of 0.6 mM NaCl as described previously. 
Standard addition experiments were performed with samples of primary sewage 
effluent to determine the accuracy and precision of the method for  a complex 
environmental sample.  Prior to extraction, a known quantity of standard LAS mixture 
was spiked into replicate samples (n = 5) of primary sewage effluent containing 0.6 mM 
NaC1 together with 10 11.g of the C8 -LAS surrogate standard to yield standard addition 
concentrations of 1.5 and 3.1 mg/L LAS. 
Results and Discussion 
In-Vial Elution and Derivatization. The autosampler and GC instrumentation 
managed several operations in this study including disk elution, LAS derivatization, and 
injection. A typical GC-FID chromatogram of standard LAS extracted from deionized 
water is shown in Figure 2.2a. The LAS homologs eluted from the column in order of 
increasing hydrophobicity but not all of the phenyl isomers were resolved under the 
operating GC conditions (Figure 2.2a). 
To determine the length of time required for the elution of the Cs-LAS surrogate 
standard and LAS to reach equilibrium (Figure 2.3), a 13 mm C1 disk containing sorbed 
LAS and Cs-LAS was placed in an autosampler vial with 0.005 M TBA in chloroform. 
Repeated injections were performed every 20 min for 3 hr. The elution of LAS was more 
rapid than that of the Cs-LAS surrogate standard. The rate of LAS homolog elution from 
the C18 disk varied with alkyl chain length (Figure 2.3) so that a minimum of 40 min was 
required to achieve greater than 95% recovery for all LAS homologs and the Cs-LAS 24 
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Figure 2.2. Gas chromatograms of (a) LAS standard isolated from 
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Figure 2.3. Recovery of the 3-4) isomer for each LAS homolog and the C8-LAS surrogate 
standard with in-vial elution time. 26 
surrogate standard. The slower elution of C8-LAS and the shorter alkyl chain homologs 
from the Cu; disk is presumably due to the decreased solubility of the TBA ion pairs of the 
shorter, less hydrophobic alkyl chain homologs in chloroform relative to those of the 
longer, more hydrophobic alkyl chain homologs. 
Quartz wool packing in the inlet liner reduced the carryover between samples and 
improved injection precision compared to glass wool used by Field et al. (2, 11).  Over 
400 injections were performed with the same inlet  liner and column without any 
degradation in chromatographic quality, indicating the robust nature of injection port 
derivatization. 
Solid Phase Extraction.  Spike and recovery experiments were performed using 
100 mL of deionized water. Initially, the recovery of the C8-LAS surrogate standard was 
only 23% while LAS recovery was 85%.  However, in order to use the C8-LAS as a 
surrogate standard, it is necessary to have nearly equivalent recoveries of both LAS and 
the C8-LAS surrogate standard. With the addition of 0.6 mM NaCI, the recovery of the 
C8-LAS surrogate standard and LAS increased to 92 and 96%, respectively. 
Subsequently, NaCl was added to all samples to yield a minimum of 0.6 mM NaCl. No 
LAS breakthrough was detected for 10-200 mL samples of deionized water containing 0.6 
mM NaCl; the recovery of LAS ranged from 98 to 100% with an average precision of 
2%. 
Quantitation and Detection.  The instrumental and method detection limits, 
defined at a signal-to-noise ratio (S/N) of 3, were identical and corresponded to 6 ng total 
LAS injected into the GC or 60 ug/L for a 50 mL sample. The instrumental and method 27 
quantitation limits, defined at a S/N > 10, also were equivalent at 10 ng total LAS injected 
into the GC or 100 I_tg/L LAS in a 50 mL sample. Because the detection and quantitation 
limits of the method are identical to those of the instrument, sensitivity is not compromised 
by in-vial elution even though a C18 disk is physically present in the autosampler vial. 
Application to Liquid Detergent Products and Primary Sewage Effluent. The 
Ci8 Empore disk extraction and in-vial disk elution was applied to samples of liquid 
detergent products and primary sewage effluent.  Five replicate samples of each of the 
nine liquid detergent products were analyzed for LAS (Table 2.1). The weight percent of 
LAS ranged from below detection to 33.7% (Table 2.1). An example of a typical 
chromatogram for LAS detected in a liquid detergent is shown in Figure 2.2b.  No 
interferences were present in any of the FID chromatograms of the detergent products and 
thus no sample clean-up was required even for the relatively non-specific FID detector. 
The precision of the detergent product analysis, indicated by the relative standard 
deviation (RSD), ranged from 0.9 to 5% (Table 2.1). 
A sample of primary sewage effluent was analyzed to demonstrate the C18 Empore 
disk extraction and in-vial disk elution method for a complex environmental sample. 
Primary sewage effluent samples were initially extracted without the addition of the C8-
LAS surrogate standard; no interferences with the surrogate standard were detected. 
However, sample extracts of primary sewage effluent initially contained peaks that co-
eluted with LAS. For this reason, the chloroform rinse was applied as a clean-up step 
prior to disk elution. While chromatograms of the chloroform rinse indicated many of the 
interfering peaks, neither the C8-LAS surrogate standard nor LAS were detected. 28 
Although additional peaks remained in the chromatogram after the chloroform rinse, they 
did not co-elute with LAS (Figure 2.2c) 
The concentration of LAS in five replicate samples of primary sewage effluent 
was 2.43 ± 0.06 mg/L LAS with an RSD of 2.5%. To assess the accuracy and precision of 
the C18 Empore disk extraction and isolation method for the analysis of LAS in primary 
sewage effluents, a series of standard additions were performed. The average recovery of 
the 1.5 and 3.1 mg/L LAS added to primary sewage effluent, was 95 ± 6% (6% RSD) and 
94 ± 5% (5% RSD), respectively, demonstrating the applicability of the method to 
complex environmental samples. It is important to note that the extractions of 15 mL 
primary sewage effluent samples were conducted with unfiltered samples and that, in 
addition to the 13 mm C18 disk, a glass fiber filter and particulate matter also were 
physically  present  in  the  autosampler  vial  yet  neither  instrument  operation  nor 
chromatographic quality were compromised. 
Conclusions 
The in-vial disk elution technique is an improvement over conventional methods 
because disk elution and injection port derivatization are managed by the GC autosampler 
and instrumentation, which requires no supervision by the analyst. The technique is cost-
effective because each 13 mm diameter C18 disk costs approximately 80 U.S cents and 
only relatively inexpensive equipment is required. In addition, fewer than 8 mL of solvent 
is required for disk preconditioning and in-vial elution. The technique is rapid with 10 min 
required to extract detergent product solutions and 30 min for primary sewage effluent 
samles so that up to 40 samples/day can be processed. Sample cleanup is not necessary 29 
for liquid detergent products although a single cleanup step is necessary in the case of 
primary sewage effluents. 
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Abstract 
Two natural-gradient tracer tests were conducted to determine the transport and 
biodegradation behavior of linear alkylbenzenesulfonate (LAS) surfactant under in situ 
conditions  in  a sewage-contaminated aquifer.  The tests were conducted in two 
biogeochemically distinct zones of the aquifer: (1) an aerobic uncontaminated zone (Oxic 
zone), and (2) a moderately aerobic, sewage-contaminated zone (Transition zone). 
Chromatographic separation of the surfactant mixture was observed in both zones and 
attributed to the retardation of the longer alkyl chain homologs during transport.  No 
significant loss of LAS mass was observed for the Oxic zone while 21% of the LAS mass 
injected into the Transition zone was removed due to biodegradation.  Biodegradation 
preferentially removed the longer alkyl-chain homologs and the external isomers (i.e., l-
and 3-phenyl). The removal of LAS mass coincided with a decrease in dissolved oxygen 
concentrations, the appearance of LAS metabolites, and an increase in the number of free-
living bacteria with a concomitant change in bacteria morphology. The formation of LAS 
metabolites accounted for 86% of the LAS mass removed in the Transition zone. Over the 
duration of the test, sorption and biodegradation enriched the LAS mixture in the more 
water-soluble, mobile, and more biologically-resistant components. 33 
Introduction 
Linear alkylbenzenesulfonate (LAS) is the highest volume anionic surfactant used 
in domestic and commercial detergent formulations (1). The environmental fate of LAS is 
of interest because of its widespread use in detergents and subsequent disposal to 
wastewater treatment facilities.  Several reports document the presence of LAS and its 
biodegradation products in domestic sewage (2-6).  In addition, LAS is persistent under 
oxygen-depleted conditions such as those that exist in anaerobic sewage-sludge digestors 
(3, 7). While LAS fate in wastewater treatment systems is well-documented, few studies 
describe LAS behavior and fate in groundwater (4, 8) and how processes such as sorption 
and biodegradation affect the surfactant mixture composition. 
The U.S. Geological Survey's Cape Cod Toxic Waste Research Site is the site of 
an on-going investigation of the fate and transport of LAS  in sewage-contaminated 
groundwater.  Initially, studies at this site described the occurrence and distribution of 
LAS and related compounds (4, 9). LAS mixtures in oxygen-depleted groundwater with 
residence times greater than three years were depleted in the longer alkyl chain homologs 
and externally-substituted isomers (4).  Based on these findings, we hypothesized that 
LAS persists in groundwater due to oxygen-limitation, despite the presence of sewage-
derived LAS-acclimated indigenous microbial populations. To test the hypothesis, three 
natural gradient tracer tests were conducted at the site to characterize quantitatively in 
situ transport and biodegradation of LAS components in three biogeochemically distinct 
zones.  The first test was conducted in an anaerobic (<0.1 mg/L dissolved oxygen), 
sewage-contaminated zone (Suboxic zone) (10).  Chromatographic separation of the 34 
homologs based on increasing sorption of the longer alkyl chain homologs occurred but no 
biodegradation of the mixture was observed during the 45-day test (10). In this study, we 
report the results from tracer tests conducted in an aerobic uncontaminated zone (Oxic 
zone) and a moderately aerobic, sewage-contaminated zone (Transition zone) in the same 
aquifer. These two tests were designed to investigate further the role of dissolved oxygen 
concentration and indigenous microbial population in LAS biodegradation in groundwater 
and the effect of sorption and biodegradation processes on the LAS mixture composition 
observed during transport. 
Experimental 
Site Description.  The tracer tests were conducted in an unconfined sand and 
gravel glacial outwash aquifer at the U.S. Geological Survey's Cape Cod Toxic Waste 
Research Site near Falmouth, MA (11, 12).  The aquifer is characterized by an average 
hydraulic conductivity of 1.3 x le m/s, a porosity of 0.38, and average porewater 
velocities that range from 0.3 to 0.5 m/day (11, 12).  At this location, discharge of 
secondary sewage effluent to infiltration sand beds from 1936 to 1995 has resulted in a 
plume of sewage-contaminated groundwater that is 5 km long. Numerous studies have 
been conducted on the hydrology, microbiology, and contaminant fate and transport in the 
region of the plume (12-19). 
The tracer tests were conducted 300 m downgradient from the infiltration beds 
using an array of multilevel monitoring wells, each with 15 discrete sampling ports 
vertically spaced at 0.6 m intervals (Figure 3.1). At this location the aquifer has a vertical 
geochemical profile (Figure 3.2) due to uncontaminated groundwater from recharge 35 
overlying the contaminant plume (12, 13). There is a 2-m thick transition zone between 
the uncontaminated and contaminated groundwater characterized by a sharp increase in 
specific conductivity and a decrease in dissolved oxygen concentration (Figure 3.2). The 
pH increases with depth from approximately pH 5.5 to pH 6.5 over the vertical profile. 
Background concentrations of LAS were below detection in the Oxic zone and were at 
detection (0.01 mg/L) in the Transition zone. 
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Figure 3.1. Multilevel sampling wells used during the Oxic, Transition, and Suboxic tracer 
tests including the locations of the injection well (M2), the downgradient monitoring wells 
Ml 1 and M14, and sampling ports. 36 
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Figure 3.2. Vertical geochemical profile of the aquifer at the injection well (M2) with the 
Oxic, Transition, and Suboxic zones indicated. 
Injections. The tracer tests were conducted in two geochemically distinct zones 
of the aquifer:  (1) Oxic zone at 6.2 m BLS (below land surface) with 8 mg/L dissolved 
oxygen, and (2) the Transition zone at 8.5 m BLS with 1 mg/L dissolved oxygen (Figure 
3.2). The injections in the Oxic and Transition zones were performed in 1994 on June 6 
and June 7, respectively. For each injection, a gas-impermeable bag (Aerotech, Ramsey, 
NJ) was rinsed with groundwater from each zone and then flushed three times with 
nitrogen gas.  Solutions of NaBr (Aldrich Chemical Company, Milwaukee, WI) and a 
commercial mixture of LAS (Condea Vista, Austin, TX) were prepared in degassed 
distilled water.  The homolog distribution of the LAS mixture was 22% C10, 39% C11, 37 
29% C12, and 9% C13. Approximately 155 L of groundwater from the injection zone were 
then pumped into the bag with a peristaltic pump fitted with low gas-permeability 
Norprene tubing  (Cole-Parmer Instrument Company, Chicago, IL).  The Oxic zone 
injectate consisted of a mixture of groundwater pumped from two ports in the injection 
well, M2, at depths of 6.2 m and 6.8 m BLS. The Transition zone injectate consisted of a 
mixture of groundwater pumped from a depth 8.5 m BLS from the injection well (M2) 
and a second well, M11, located 4.6 m downgradient of M2. In both tests the bags were 
kept in a pit filled with groundwater to maintain the temperature of the injectate at the 
ambient aquifer temperature (-12 °C). 
The injectate solutions were injected over a 3-hour period at approximately 0.9 
L/min. Assuming symmetric initial displacement, each tracer plume would be expected to 
have a cross-section of 0.92 m.  Injectate samples were collected for analysis at the 
beginning, middle, and end of each injection to verify the initial concentrations of bromide 
(Oxic zone, 95 mg/L;  Transition zone, 93 mg/L) and LAS (Oxic zone, 21.7 mg/L; 
Transition zone,  19.7 mg/L)  in  the  injectate  solutions.  The dissolved oxygen 
concentration of the injectate solutions was 6 mg/L for the Oxic zone and 0.7 mg/L for the 
Transition zone. 
Field Sampling and Analyses. Two monitoring wells located at 4.6 m (M11) 
and 9.4 m (M14) downgradient from the injection well were monitored during the two 
tests (Figure 3.1).  Groundwater samples for bromide, LAS, LAS metabolites, and 
bacteria analysis were collected daily from sampling ports in polyethylene bottles with a 
peristaltic pump fitted with Norprene tubing.  Dissolved oxygen concentrations were 38 
determined colorimetrically (CHEMetrics, Calverton, VA) in the discharge line of the 
peristaltic pump during sample collection.  Bromide concentrations were determined on 
site with an ion-selective electrode and meter (Orion model 250A) after the samples had 
equilibrated to approximately 25 °C.  Semi-quantitative LAS concentrations were 
determined in the field with a colorimetric MBAS (methylene blue active substances) assay 
(CHEMetrics, Calverton, VA). Quantitative LAS concentrations were determined on 
samples preserved with 1% v/v formalin by the method of Krueger and Field (6). LAS 
metabolite concentrations were determined on samples preserved with formalin (3% v/v) 
by the method of Trehy et al. (20).  Enumerations of total free-living bacteria were 
determined on samples preserved with formalin (3% v/v) by the method of Harvey et al. 
(21).  Frequency of dividing cells (FDC, expressed as the percentage of dividing cells) 
measurements were obtained during bacterial enumeration by determining the fraction of 
the total free-living bacterial population with clear invaginations of cell wall between 
dividing cells by the method of Harvey and George (22).  Concentrations of Cat  in 
groundwater samples were determined by atomic absorption spectrophotometry (Perkin-
Elmer 4000).  Sediment cores were collected near the well array from depths 
corresponding to the injection depths in 1.5 m x 5 cm aluminum liners with hollow-stem 
auger drilling and a wireline-piston core barrel and stored at 4 °C.  Sediment organic 
carbon was determined by the Walk ley-Black method on sediment cores collected from 
the two test zones and total carbon in sediments was determined by a carbon analyzer 
(Leco CNS-2000). 39 
Temporal Moment Analysis. Time-series sampling at downgradient monitoring 
wells and sampling ports yields bromide and LAS concentration histories or breakthrough 
curves at each port. The relative solute mass and transport parameters such as the 
retardation factor (R) and dispersion coefficient (D) can be estimated from these 
breakthrough curves by temporal moment analysis. The kth temporal moment, Mk, is 
defined as 
Mk =  tkAt  C  (1)
Co 
where t is time, At is the time interval between samples, C is the observed concentration, 
Co is the solute concentration in the injectate, and the summation is performed over all 
measurements (23). The zeroeth (k=0) temporal moment, Mo, provides an estimate of the 
total solute mass. The relative mass, M  is the value of Mo for a given solute normalized 
to that of the conservative bromide tracer 
Msolute 
Mrel  (2) Mbromide 
0 
The relative masses of solutes at different sampling ports in the well array are used to 
determine whether solute mass is conserved (Mrel  1) or removed (Mier < 1) over a 
defined transport interval (15, 24). Such a loss may be attributed to biodegradation or 
other degradative processes, irreversible reaction of the solute with aquifer solids, or 
negative analytical bias for the solute. Relative masses greater than unity indicate positive 
analytical bias for the solute  (25).  Solute concentrations below detection remain 
unaccounted for in the calculation of the zeroeth moment. It is important to note that, 40 
assuming LAS sorption is an equilibrium process (i e., reversible), Mre, takes into account 
the total mass passing the sampling port. 
The first (k=1) temporal moment, MI, provides an estimate of the average travel 
time of the solute center of mass, t , 
(3) 
(23, 24). The retardation factor (R) is defined as the average travel time of the solute 
relative to that of the conservative bromide tracer 
solute 
(4)
bromide 
For conservative solutes, R = 1.  It is assumed that R is constant over time at a given 
sampling point and is independent of solute concentration, as in the case where sorption is 
an equilibrium process (23). Groundwater velocity is  estimated from the average travel 
time of the conservative bromide tracer and the horizontal distance between the injection 
well and sampling port (15). From the estimates of retardation factors for each solute, the 
sediment partition coefficient, Kd, is then estimated from the equation 
RO 0  (5) 
p 
where B and p are the porosity and the bulk density of the aquifer sediment. 
The second (k=2) temporal moment about the center of mass, M2, provides a 
measure of the spread of the tracer plume and is defined as 
(6) 41 
For the bromide tracer, M2 can be used to estimate the longitudinal dispersion coefficient, 
D (m2/day), by 
2 
X 
D  _
2  (7)
2t3 
(23, 26) where x is the horizontal distance between the injection well and sampling port. 
The aquifer longitudinal dispersivity, al,, is estimated by 
=  (8) v 
where v is the average groundwater velocity (26).  The underlying assumptions in 
equations 7 and 8 are that the aquifer is homogeneous and that bromide is a conservative, 
non-adsorbed tracer. 
It should be noted that computed values of M2 may be unreliable because they are 
sensitive to solute concentrations in the breakthrough curve tail which typically are not 
known accurately (23, 27). For this reason, values of M2 were computed using only solute 
concentrations greater than 1% of the injectate concentration. 
Results and Discussion 
Bromide Transport. The injected tracer was detected in only two sampling ports 
in each of the downgradient monitoring wells (Figure 3.1). Bromide breakthrough curves 
were constructed by normalizing the observed concentrations to the average injectate 
concentrations (Figure 3.3). The bromide breakthrough curve with multiple peaks 
observed in well M11 at a depth of 8.5 m BLS (Figure 3.3c) may indicate that the tracer 
plume traveled through a section of aquifer with strata of varying permeabilities (25). 42 
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Figure 3.3. Bromide and total LAS breakthrough curves in the Oxic zone (a, b) and in the 
Transition zone (c, d) at monitoring wells M11 and M14 located 4.6 and 9.4 m 
downgradient, respectively. 43 
Multiple-peak breakthrough curves also were observed for natural- and forced-gradient 
tracer tests at this and other field sites (15, 25). 
No bromide was detected in ports above the injection depth;  however, bromide 
was detected in sampling ports at the injection depth and in ports 0.6 m below the 
injection depth (Figure 3.1). For both wells, bromide mass was greatest at the injection 
depth compared to ports below, with the exception of one port in well M14 (6.8 m BLS) 
(Table 3.1). The presence of tracer in ports below the injection depth contrasts with the 
results of the 1993 experiment performed in the Suboxic zone in which the tracer was 
detected only at the injection depth (10) (Figure 3.1). 
Table 3.1. Breakthrough Curve Results for Bromide. 
Depth Below  t  va  M0  M2  
Land Surface (m)  (days)  (m/day)  (days)  (day2)  (m2/day)   (m) 
Monitoring Well Ml 1 
Oxic Zone 
6.2 m  9.00  0.51  1.49  1.26  0 018  0.036 
6.8 m  8.80  0.52  1.14  0.68  0.011  0.020 
Transition Zone 
8.5 m  16.42  0.28  2.67  12.01  0.029  0.103 
9.1 m  13.05  0.35  0.70  0.96  0.005  0.013 
Monitoring Well M14 
Oxic Zone 
6.2 m  17.71  0.59  0.64  1.94  0.019  0.032 
6.8 m  17.33  0.56  1.67  1.52  0.014  0.025 
Transition Zone 
8.5 m  26.84  0.51  2.02  10.91  0.053  0.104 
9.1 m  27.75  0.27  1.09  5.16  0.007  0.025 
acalculated for each sampling port from the average travel times of bromide and the 
horizontal distances between each pair of wells 44 
With an estimated tracer plume cross-section of 0.92 m and sampling ports 
separated by 0.6 m, a -0.14 m vertical displacement of each tracer plume would have been 
sufficient to cause detection of the tracer in the lower ports. The apparent vertical drop of 
the tracer plumes could be the result of differences in density between the injectate and 
groundwater in each zone or the presence of more permeable layers underlying the 
injection zones such that the tracer plume adopted an initial downward trajectory into the 
more permeable layers. The injectate solutions were of similar composition (approximately 
340 mg/L added dissolved solids) for all tests conducted in 1993 and 1994, while the 
uncontaminated groundwater in the Oxic zone has approximately 40 mg/L total dissolved 
solids and the sewage-contaminated groundwater in the Transition and Suboxic zones has 
150 mg/L dissolved solids (12).  Therefore, a density contrast between the injectate and 
the ambient groundwater initially existed for all three tracer tests.  The magnitude of the 
effect of buoyancy forces can be determined by comparing the vertical and horizontal 
hydraulic gradients and conductivities.  The vertical hydraulic gradient created by 
buoyancy forces can be estimated by the quantity Ap/p where Ap is the difference in 
density between the injected solution and the groundwater of density (28).  For these 
experiments, Ap/p was approximately 3 x 104 for the Oxic zone and 2 x 10-4 for the 
Transition zone compared to a horizontal gradient of 1.5 x 10 -3.  These findings combined 
with an approximate ratio of horizontal to vertical hydraulic conductivity of 5: I at the site 
(12) suggest that buoyancy forces would contribute approximately -0.3 m of vertical 
displacement over the 9.4 m transport interval in the two tests. Thus, it is reasonable that 
the density contrast would be sufficient to cause a measurable drop of the injectate but 45 
other possible explanations such as layers of variable permeabilities, anisotropy, and cross-
bedding also must be considered when comparing the results of these tests to the Suboxic 
test. 
Groundwater velocities were calculated for each sampling port from the average 
travel times of bromide and the horizontal distances between each pair of wells to estimate 
local variations in groundwater velocity over the 9.4 m transport interval (Table 3.1). The 
groundwater velocities at both depths in the Oxic zone were approximately 0.5 m/day and 
remained relatively constant for all sampling ports. In contrast, the groundwater velocity 
varied in the Transition zone at both depths, increasing nearly two-fold at 8.5 m BLS from 
0.28 m/day over the first 4.6 m interval to 0.51 m/day in the last 2.5 m (Table 3.1). 
Dispersion coefficients and longitudinal dispersivities for bromide were similar for 
both depths in the Oxic zone and remained relatively constant over the 9.4 m transport 
interval (Table 3.1).  Overall, the longitudinal dispersivities, at, for the two tests ranged 
from 0.013 to 0.104 m and are comparable to values obtained in previous tests at this site 
(15, 29, 30). In the Transition zone, however, the dispersion coefficient at 8.5 m BLS 
progressively increased from 0.029 m2/day at M11 to 0.053 m2/day at M14, and the 
dispersivities differed significantly between the two depths (Table 3.1). The multiple-peak 
bromide breakthrough curve, variable groundwater velocity, increased dispersion and 
dispersivity over the 9.4 m transport interval support the hypothesis of local subsurface 
heterogeneity and variable permeabilities for the two depths in the Transition zone. 
LAS Transport. Because the tracer plumes in both tests passed most directly 
through sampling ports in wells M11 and M14 at the injection depth, the discussion on 46 
LAS will focus on data from these wells at 6.2 and 8.5 m BLS. LAS breakthrough curves 
were constructed by normalizing the observed  concentrations to the average injectate 
concentrations (Figure 3.3). Qualitatively, the bromide and LAS breakthrough curves 
were nearly coincident in the Transition zone,  whereas in the Oxic zone LAS was retarded 
relative to bromide and exhibited more tailing. Breakthrough curves of the individual LAS 
components illustrate that the leading edges are dominated by the shorter alkyl  chain 
homologs and the longer chain homologs dominate the tail, indicating that the mixture 
separated during transport (Figure 3.4). Also, note that the homolog breakthrough curves 
for the Transition zone (Figure 3.4b) have a similar multiple-peak structure as the bromide 
breakthrough curve for this port (Figure 3.3c). 
Estimated retardation factors for total LAS ranged from 1.18 to 1.36 in the Oxic 
zone but were essentially unretarded (R = 1) for all sampling ports in the Transition zone 
(Table 3.2).  In both tests, estimated retardation factors increased with increasing alkyl 
chain length and external  substitution, with higher values for the individual LAS 
components in the Oxic zone compared to the Transition zone (Tables 3.3 and 3.4). 
Retardation factors in the Transition zone were similar to those obtained in the Suboxic 
zone tracer test for the total LAS mixture (R = 1.1) and the 3-phenyl C10 to C13 homologs 
(R = 1.0 to 1.4) (10). In the Oxic zone, sampling was terminated at well Mll before the 
C13 2- and 3-phenyl isomer concentrations had returned to background levels, resulting in 
negatively-biased  retardation  estimates for these components.  All  other homolog 
concentrations decreased below detection at all monitoring wells during the experiment. 47 
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Figure 3.4. Breakthrough curves for the 3-phenyl isomer of the C 10-C13 LAS homologs in 
the Oxic zone (a) and in the Transition zone (b) at well Mll (4.6 m downgradient). 48 
Table 3.2. Breakthrough Curve Results for Total LAS. 
Tracer Test 
Monitoring Well Mll 
R  Mrel  M2 
(day2) 
Monitoring Well M14 
R  Mrel  M2 
(day2) 
Oxic Zone  1.36  1.35  18.28  1.18  0.91  13.27 
Transition  1.04  0.91  11.87  1.00  0.79  6.88 
Zone 
Table 3.3. Breakthrough Curve Results for the Individual LAS components in 
the Oxic Zone. 
Monitoring Well M11  Monitoring Well Ml 4 
LAS  R  Mrei  M2  R  Mrei  M2 
Component  (day2)  (day2) 
C10 24  1.06  1.21  1.96  1.07  0.99  2.82 
C10 341)  1.03  1.13  1.74  1.04  0.88  2.21 
C10 4-1:1)  1.01  1.14  1.64  1.03  0.80  2.31 
C10 5-(1)  1.01  1.06  1.69  1.03  0.82  2.44 
C112 4  1.30  1.51  4.47  1.19  1.32  4.01 
C113 -(1)  1.15  1.31  2.77  1.12  1.09  3.02 
C114 -1)  1.12  1.22  2.38  1.10  1.04  3.04 
C115 -4)  1.08  1.23  2.10  1.09  0.97  3.22 
C12 241  2.11  1.64  12.72  1.66  0.79  12.98 
C12 3-(1)  1.63  1.75  10.06  1.37  1.19  7.58 
C12 441)  1.48  1.71  6.92  1.28  1.40  6.17 
C12 5'  1.32  1.56  4.78  1.2  1.36  4.43 
C13 24  2.76  0.21  17.21  nd  nd  nd 
C13 3-4  2.91  0.53  8.09  2.43  0.02  0.000 
C13 4 -4  2.66  1.00  9.93  2.01  0.15  14.68 
C13 5'4  2.16  1.74  11.22  1.69  0.67  11.22 
nd = not detected 49 
Table 3.4. Breakthrough Curve Results for the Individual LAS Components in 
the Transition Zone. 
Monitoring Well Mll  Monitoring Well M14 
LAS  R  Mrei  M2  R  Mrei  M2 
Component  (day2)  (day2) 
C10 24  1.00  0.97  11.19  0.98  0.90  7.31 
0.99  0.96  10.62  0.98  0.90  6.80 C10 3-4 
1.01  1.06  11.41  0.99  0.96  7.72 C10 441 
C10 5-4  1.02  1.11  12.07  1.00  1.07  9.62 
1.03  0.93  11.49  1.01  0.77  6.60 C11 2-(I) 
C113 -4)  1.00  0.91  10.56  0.99  0.80  6.42 
0114 -1:13.  1.00  0.96  10.72  0.99  0.87  6.54 
C115 -1  1.02  1.11  11.40  1.00  1.03  7.95 
1.13  0.75  13.82  1.09  0.41  8.28 C12 2-(1) 
1.07  0.85  12.76  1.04  0.65  8.61 C12 34 
C12 4 -4)  1.03  0.85  11.62  1.02  0.65  8.06 
1.05  1.07  12.50  1.02  0.95  8.68 C12 5-(1) 
1.37  0.15  9.06  nd  nd  nd C13 2-d) 
C13 3-4)  1.18  0.66  13.90  1.13  0.24  9.05 
1.14  0.60  14.61  1.18  0.16  9.31 C13 44 
1.12  0.86  13.45  1.09  0.44  7.25 C13 541) 
nd = not detected 50 
The similarity  in second moments for bromide (Table 3.1) and the LAS 
components (Tables 3.3 and 3.4) indicates that separation of the LAS homologs and 
isomers during groundwater transport accounts for the apparent tailing observed in the 
total LAS breakthrough curves. For example, in the Oxic zone, the second moment of 
total LAS (Table 3.2) was nearly eight times greater than for bromide (Table 3.1), but 
there were no significant increases in the second moments of most of the individual LAS 
components relative to bromide (Table 3.3).  In the Transition zone, the similar 
breakthrough curve shapes (Figure 3.4b) and second moments of bromide (Table 3.1) and 
individual LAS components (Table 3.4) indicate similar transport behavior for all solutes. 
The separation of the LAS mixture during transport in both tests is attributed to 
preferential sorption of LAS components to the aquifer sediments in a manner consistent 
with a hydrophobic mechanism (31). Sediment partition coefficients, Kd (L/kg), varied as 
a function of alkyl chain length and phenyl position such that sorption increased with 
increasing hydrophobicity (Figure 3.5). Estimated values of Kd in both zones increased by 
a factor of 3.4 (+ 0.7) for each additional methylene group and by a factor of 2.8 (+ 0.4) 
between the 5-phenyl and 2-phenyl isomers, which are comparable to the factors of 2.8 
and 2 reported for LAS sorption to river sediments (31). 
Sorption was greater in the Oxic zone with an average increase in log Kd of 0.9 + 
0.1 over the Transition zone for the C12 and C13 homologs based on linear regression 
results with the relation between LAS sorption and structure being less definite in the 
Transition zone for the least hydrophobic, weakly sorbed LAS components (i.e., C10-C11) 
(Figure 3.5).  The low degree of sorption indicated by lower Kd values observed in the 51 
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Figure 3.5. Sorption of LAS homologs and isomers to the Oxic and Transition zone 
sediments as a function of alkyl chain length and phenyl (41) position. 52 
Transition zone is consistent with the low-carbon aquifer sediments at this site.  The total 
sediment carbon content, f, was determined to be less than 0.0001 for both the Oxic and 
Transition zone. Estimated Kd values for the Transition zone at well M11 ranged from 
0.003-0.086 L/kg for the individual homologs and isomers and 0.010 L/kg for the total 
mixture and were comparable to values observed in the Suboxic zone tracer test (10). 
These Kd values are consistent with values of 0.014-0.12 L/kg for the C10-C13 LAS 
homologs predicted from the linear free-energy relationship between log Kd and log K., 
assuming an f of 0.0001 (32), where Kow, is the octanol/water partition coefficient which 
ranges from 1.23-2.52 for the Cm-CD homologs (31). However, the Kd values for the 
Oxic zone, which ranged from 0.003 to 0.444 L/kg for individual components and 0.083 
L/kg for the total mixture, are significantly greater than Kd values predicted for low 
organic carbon sediments and would require an f of 0.002 based on the linear free-energy 
relationship predictions. 
Previous studies have reported LAS sorption to be correlated with sediment 
organic carbon content (33-35). However, in this and other studies (31), LAS sorption did 
not appear to correlate well with sediment organic carbon content, which leads to 
consideration of other possible mechanisms. The dominant minerals in the aquifer 
sediment at this site are quartz and feldspar (36), which have negatively-charged surfaces 
that potentially repel the sulfonate group of LAS so that it is weakly sorbed to low-
organic carbon sediments at the groundwater pH values (5.5-6.5) measured in this study. 
During weathering, negatively-charged mineral surfaces may develop a positive charge 
due to the formation of amorphous metal oxide coatings. Such metal oxide coatings are 53 
composed of iron and aluminum oxyhydroxides typically have pH of zero point of charge 
values of 7-8 so that they would have positively-charged surfaces at pH 5-6 (36). At the 
lower groundwater pH (5.5) of the Oxic zone, the positively-charged metal oxide coatings 
may enhance LAS sorption by surface complexation or through electrostatic interactions 
with the sulfonate group.  This effect would not be as pronounced at the higher 
groundwater pH (6.5) of the Transition zone because the sediment surfaces would exhibit 
less net positive charge.  In addition, metal oxide coatings are commonly present in 
sediments from the Oxic zone but typically are not formed under the reducing conditions 
of the sewage-contaminated Transition zone.  For example, sediments collected from 
depths corresponding to the Oxic zone had a higher percentage of iron-containing 
minerals than did sediments from the Transition zone (36). 
Increasing [H+] and [Cal were reported to increase LAS sorption through 
electrostatic effects such that Alog Kd  0.17 per unit change in pH and Alog Kd ,==-, 0.23 
per decade increase in [Ca21 (35).  At well M11, [Ca21 was 12 times greater in the 
Transition zone (10.8 mg/L) than in the Oxic zone (0.9 mg/L). However, the average 
increase in log Kd of 0.9 + 0.1 from the Transition to the Oxic zone (Figure 3.5) is greater 
than can be accounted for by the increase in either [H] or [Ca21. It is likely that a 
combination of factors, including hydrophobic and electrostatic interactions contribute to 
increased LAS sorption in the Oxic zone. 
LAS Biodegradation. Relative mass estimates for total LAS were less than unity 
at well M14 in the Oxic zone (0.91) and in the Transition zone (0.91 and 0.79 for wells 
M11 and M14, respectively) (Table 3.2) and decreased with increasing alkyl chain length 54 
and degree of external substitution for the individual LAS components (Tables 3.3 and 
3.4). At well Mll in the Oxic zone, relative masses for total LAS and the individual LAS 
components greater than unity, with the exception of the C13 2- and 3-phenyl isomers, 
indicate that the observed mass of LAS at that well is at least as great as can be accounted 
for by the mass introduced. The underestimation of mass for the C13 2- and 3-phenyl 
isomers is likely a result of termination of the sampling program before complete 
breakthrough occurred (Figure 3.4a). Values consistently greater than unity for both the 
total mixture and the individual components potentially indicate a positive analytical or 
sampling bias for LAS. (24, 25).  For example,  it appears that the peak bromide 
concentration (see Figure 3.3a) may not have been observed using the one-day sampling 
interval, which could have positively biased relative LAS mass values. 
At well M14 in the Oxic zone and well M11 in the Transition zone, most LAS 
components were conserved, with the exception of the C12 2-phenyl isomer and all the C13 
isomers (Tables 3.3 and 3.4). At well M14 in the Transition zone, the relative masses of 
the C11 to C13 homologs all decreased, such that less than 50% of the injected C12 mass 
was detected and none of the C13 2-phenyl isomer was detected. Both sorption and 
biodegradation rates are greater for the longer alkyl chain homologs and external isomers 
and, therefore, these processes affect LAS mixture composition similarly, resulting in a 
mixture deficient in these components (37, 38). However, assuming that sorption is an 
equilibrium process (i.e., reversible), mass is not removed from the system. Because the 
possibility of analytical or sampling bias exists, it was not possible to discern the cause(s) 
of the apparent removal of LAS mass in the Oxic and Transition zones using relative mass 55 
alone.  For this purpose, it is useful to examine dissolved oxygen concentrations, the 
formation of LAS metabolites (C4-Cio sulfophenylcarboxylates), and the response of 
indigenous microorganisms during the tracer tests. 
In the Oxic zone, the dissolved oxygen concentration in the sampling wells was 9 
mg/L throughout the test.  In addition, no LAS metabolites were detected and no increase 
in free-living bacteria concentration was observed, suggesting that the Mies values <1 for 
the C12 2-phenyl and C13 isomers observed at well M14 may not have been due to 
biodegradation. Previous studies report more rapid biodegradation of the external isomers 
relative to the internal isomers (38, 39) with similar and preferential biodegradation of the 
2-phenyl isomers in aerobic systems (38). Based on this well-documented biodegradation 
pattern, one would expect to observe some loss of the C11 and possibly Clo 2-phenyl 
isomers in an aerobic system that is actively degrading the C12 2-phenyl and C13 isomers. 
However, this pattern which was exhibited in the Transition zone at both wells was not 
observed in the Oxic zone. Furthermore, LAS metabolites (i.e., sulfophenylcarboxylates) 
have been detected in LAS laboratory biodegradation studies (40-42) as well as in sewage 
effluent (20, 43), receiving surface waters (20), and sewage-contaminated groundwater 
(43), which suggests that these intermediates would have been present in the Oxic zone 
groundwater if biodegradation were occurring. Although we cannot completely dismiss 
biodegradation as responsible for the observed mass deficiency, the lack of substantiating 
evidence indicates that there may be another explanation such as negative analytical bias. 
One explanation for the relative mass values below unity for the C12 2-phenyl and C13 
isomers may be negatively-biased zeroeth moments resulting from aqueous phase 56 
concentrations that decrease below detection in the tail of the breakthrough curve as a 
result of sorption of these more hydrophobic species.  It should be noted that the C13 
homolog constitutes less than 10% of the total LAS mixture so that its aqueous phase 
concentration is the first to decrease below detection. 
In contrast, the dissolved oxygen concentrations in the Transition zone declined 
rapidly from 0.7 to -0.1 mg/L at well MI1 by day 17 (Figure 3.6a) and from 1.0 to -0.1 
mg/L at well M14 on day 28, just after arrival of the LAS peak.  In both wells, dissolved 
oxygen concentrations remained at -0.1 mg/L throughout the remainder of the test, which 
suggests oxygen consumption due to LAS biodegradation. The initial step in LAS 
biodegradation, co-oxidation of the terminal methyl group to form the corresponding 
sulfophenylcarboxylate metabolite, requires oxygen whereas subsequent 13-oxidation may 
proceed in the absence of oxygen using water as the electron-acceptor (38,  39). 
Coincident with the decline in dissolved oxygen concentration was the appearance of LAS 
metabolites in wells Mll (Figure 3.6a) and M14. The total mass of metabolites was found 
to be nearly equal to that of the mass of total LAS lost based on the area under the curves 
for LAS and metabolites, normalized to that of bromide. For example, LAS metabolites 
accounted for 78% and 86% of the missing LAS mass at M1 1 and M14, respectively, so 
that together, the LAS mass remaining and LAS metabolites formed accounted for 98% 
and 97% of the total LAS mass injected. No assumption of biodegradation beyond co-
oxidation  was  made.  However,  the  finding  that  the  metabolites  (C4 -C10 
sulfophenylcarboxylates) account for the missing LAS mass despite the fact that they can 
be degraded in the absence of oxygen, suggests that they were stable over the duration of 57 
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Figure 3.6. Concentration profiles at well Mll in the Transition zone of (a) the total LAS 
mixture, LAS metabolites, and dissolved oxygen concentrations and (b) the total LAS 
mixture, total number of free-living bacteria, and frequency of dividing cells. 58 
the tracer test. Furthermore, the presence of metabolites implies that the 1 mg/L 
dissolved oxygen was sufficient for co-oxidation of 20% of the LAS mixture and that 
mineralization of LAS did not occur. 
An approximately five-fold increase in the number of free-living bacteria over the 
background concentration was observed in samples collected from the Transition zone at 
wells Mll (Figure 3.6b) and M14. However, it should be noted that the numbers of free-
living bacteria represent only a small fraction of the total microbial population in the 
subsurface at this site (21, 44). Qualitative changes also were observed in the morphology 
of the free-living bacteria.  For example, free-living bacteria cells  at peak LAS 
concentrations were more elongated and the brightness and size (0.2  2 p.m) of the 
stained bacteria was greater than that of bacteria in background samples (0.2  0.5 p.m). 
Frequency of dividing cells (FDC), attained maximum values of 10% and 16% FDC at 
wells M11 (Figure 3.6b) and M14, respectively, which suggests that bacteria growth may 
have occurred during the test. 
It is not clear whether the increase in free-living bacteria is due to growth or due to 
the detachment and mobilization of bacteria by LAS or a combination of the two 
processes. No increase in cell numbers was observed in the Oxic zone  whereas a three-
fold increase was observed in the Suboxic zone (10). We hypothesize that the indigenous 
bacteria populations in the sewage-contaminated Suboxic and Transition zones are 
acclimated to LAS and LAS-related compounds because these compounds are present at 
low levels in the groundwater. Because biodegradation did not occur under the oxygen-
limited conditions of the Suboxic zone test despite the presence of potentially acclimated 59 
bacteria, the observed increase in cell numbers may have been due to detachment. 
Likewise, the long-term exposure to LAS and related compounds in the Transition zone 
make detachment and mobilization of sediment-bound bacteria in response to the LAS one 
possible explanation for the observed increase in bacteria numbers in that zone. In 
contrast, indigenous bacteria in the uncontaminated Oxic zone have had no prior exposure 
to either sewage-contaminated groundwater or to LAS, which may account for the 
absence of detachment and mobilization in the Oxic zone. No information was collected 
on either the sediment-bound bacteria, which represents the majority of the biomass in the 
system, or on the numbers of protozoa, which graze on indigenous bacteria. This lack of 
information limits our ability to more fully interpret the microbial response to the LAS 
pulse during the tracer test. 
Previous studies of LAS biodegradation in subsurface sediments have found LAS 
biodegradation rates to follow first-order kinetics (8, 45, 46), which assumes that no 
microbial growth occurs. In this study it is evident that LAS is being biodegraded but it is 
not clear if the bacterial population is increased as a result of growth. Assuming that the 
loss in LAS mass in the Transition zone is due entirely to biodegradation and that the 
biodegradation obeys first-order kinetics,  it  is possible to estimate first-order rate 
constants, k (day '), according to 
In Mrel = -k t  (9) 
Rates ranged from 0.002-0.09 day' and were greater for the longer alkyl chain homologs 
and external isomers (Table 3.5).  In contrast, previous laboratory studies reported that 
biodegradation rates did not vary significantly for the different LAS homologs and isomers 60 
Table 3.5. Calculated First-Order Rate Constants for Biodegradation of  
Total LAS and Individual LAS Components at Wells MI1 and M14 in the  
Transition Zone. 
Monitoring Well MI1  Monitoring Well M14 
LAS Component  k1  k1 
(day')  (day 1) 
Clo 2-d)  0.0020  0.0040 
C10 34  0.0027  0.0037 
C10 4-1:13.  0.0016 
C10 5-4) 
C11 2-d)  0.0040  0.0094 
C11 3-4  0.0060  0.0085 
CH 4-1:1)  0.0024  0.0050 
C11 5-(1) 
C12 2-4)  0.0152  0.0306 
C12 3-(1)  0.0096  0.0156 
C12 44  0.0098  0.0158 
C12 5-4  0.0019 
C13 24  0.0853  nd 
C13 34  0.0211  0.0482 
C13 4-4  0.0273  0.0574 
C13 54  0.0082  0.0276 
Total LAS  0.0053  0.0090 
nd = not detected 61 
with estimated rates ranging from 0.35-0.8 day' for river water and sediments (3, 8, 45, 
46) and 0.03-0.06 day' for subsurface sediments (3, 8, 46).  These latter results for 
subsurface sediments are comparable to estimated rates in this study, however, only for 
the more biodegradable C12 2-phenyl and C13 isomers. In general, the rates for most of the 
LAS components were <0.02 day' with overall rates of 0.005-0.009 day' observed for the 
total LAS mixture (Table 3.5) indicating that LAS biodegradation proceeds at a slower 
rate under in situ low-oxygen conditions than is predicted by laboratory microcosm 
studies. 
Implications. These tracer tests indicate that sorption and biodegradation affect 
the fate and transport of surfactants present at low concentrations in groundwater. 
Preferential sorption and biodegradation of the longer alkyl chain homologs and external 
isomers observed during the tests result in aqueous phase mixtures enriched in the more 
hydrophilic, more mobile, and biologically-resistant components, which also have lower 
aqueous toxicities (47, 48).  The enrichment of LAS mixtures in the shorter alkyl chain 
homologs and internal isomers that was observed in this study is consistent with previous 
observations made by Field et al. (4, 43). They reported the occurrence and distribution 
of LAS and its metabolites in groundwater at the Cape Cod site and hypothesized that 
LAS was readily transported in the low organic-carbon aquifer sediments and underwent 
limited or negligible biodegradation due to oxygen limitations. 
Previous studies report LAS to be readily biodegraded in various environments; 
however, they generally are not conducted under oxygen-limited conditions that exist in 
some contaminated groundwaters, such as those at the Cape Cod site.  In this study, 62 
partial removal of LAS and the appearance of LAS metabolites in the Transition zone 
demonstrate that biodegradation occurred and at the same time reduced dissolved oxygen 
concentrations to  levels comparable to those  in  the Suboxic zone in which no 
biodegradation was observed.  This suggests that once groundwater concentrations of 
dissolved oxygen have been depleted, LAS and its metabolites likely will persist with no 
additional input of oxygen. The observation of no LAS biodegradation in the Oxic zone 
indicates that aerobic conditions are not the only prerequisite for LAS biodegradation. 
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Abstract 
Transport and biodegradation of linear alkylbenzenesulfonate (LAS) in sewage-
contaminated  groundwater were  investigated  for  a  range  of dissolved  oxygen 
concentrations in field and laboratory column experiments. Biodegradation rates increased 
and LAS mixture composition changed as dissolved oxygen concentration increased. 
Although mass removal rates were generally 2-3 times greater in the column experiments 
than in the field for similar dissolved oxygen concentrations, preferential biodegradation of 
the longer alkyl chain homologs (i.e., C12 and C13) and external LAS isomers (i.e., 2- and 
3-phenyl), increased biodegradation rates with increased dissolved oxygen concentration, 
and persistence of LAS under oxygen-limited conditions were observed in both systems. 
Rate constants under the low-oxygen conditions of the continuous field test (0.002-0.08 
day') were comparable to those estimated for a pulsed test conducted under similar 
biogeochemical conditions indicating that increased exposure time between LAS and 
aquifer sediments did not increase biodegradation rates. 68 
Introduction 
Linear alkylbenzenesulfonate (LAS) was introduced in 1965 as a biodegradable 
alternative to branched alkylbenzenesulfonates and since has become the most widely used 
anionic surfactant in commercial detergent formulations (1). Because of its widespread use 
and subsequent disposal, LAS and its biodegradation products commonly are present in 
domestic sewage influents and effluents discharged to surface waters or groundwater. (2-
6). As a result, the occurrence and fate of LAS in the environment have been the focus of 
numerous investigations  (3,  4,  7-15).  Several studies report that LAS is  readily 
biodegraded under aerobic conditions such as those that exist during sewage treatment 
and in surface waters (3, 7-11) with half-lives in the range of 1-2 days for activated 
sludges, river waters and sediments and 10-20 days for surface and subsurface soils (7, 9). 
In contrast, LAS persists in oxygen-depleted environments (<0.1 mg/L dissolved oxygen) 
which can occur in anaerobic sewage-sludge digestors (16) and sewage-contaminated 
groundwater (4, 12). 
While LAS fate in wastewater treatment systems and receiving surface waters is 
well-documented, relatively few studies describe LAS fate in groundwater under in situ 
conditions. Many studies consist of laboratory microcosm experiments conducted under 
aerobic conditions while many contaminated sites are anaerobic.  In addition, microcosm 
experiments typically do not account for the effect of transport on biodegradation rates, 
which may be significant in groundwater systems. Field tracer tests offer the advantage of 
direct measurement of in situ processes and thus may provide more realistic estimates of 
biodegradation rates. 69 
Earlier investigations of the fate and transport of LAS in sewage-contaminated 
groundwater was conducted at the U.S. Geological Survey's Cape Cod Toxic Waste 
Research Site (4, 12). Natural-gradient pulsed tracer tests were used to investigate LAS 
behavior in distinct biogeochemical zones in the aquifer (17, 18). No biodegradation was 
observed in a sewage-contaminated suboxic zone (<0.1 mg/L dissolved oxygen) (17), 
while partial biodegradation of the longer alkyl chain (i.e., C12 and C13) and external LAS 
isomers (i.e., 2- and 3-phenyl) was observed in a transition zone with -1 mg/L dissolved 
oxygen (18). The results of the pulsed tracer tests were consistent with our hypotheses 
that LAS biodegradation is selective and that LAS persists in groundwater in the absence 
of dissolved oxygen. However, these results also evoked questions concerning the impact 
of exposure time of LAS to the aquifer sediments and dissolved oxygen concentration on 
LAS biodegradation. 
In this study, we compare results of laboratory column and field experiments to (1) 
determine the effect of dissolved oxygen concentration on LAS biodegradation rates and 
mixture composition, (2) determine the effect of exposure time of LAS to aquifer 
sediments on LAS biodegradation rates, and (3) determine whether laboratory column 
experiments can be used to predict LAS biodegradation rates in groundwater. Column 
experiments were conducted with aquifer sediment and groundwater obtained from the 
field test zone. Columns were operated under aerobic and variable-oxygen conditions. A 
continuous injection tracer test was conducted in a sewage-contaminated aquifer with -1 
mg/L dissolved oxygen where partial biodegradation of the LAS mixture had been 
observed previously during a pulsed tracer test (18). 70 
Experimental 
Site Description.  This study was conducted in an unconfined sand and gravel 
glacial outwash aquifer at the U.S. Geological Survey's Cape Cod Toxic Waste Research 
Site near Falmouth, MA. At this site, disposal of secondary sewage effluent to infiltration 
beds from 1936 to 1995 has resulted in a plume of sewage-contaminated groundwater that 
is approximately 5 km long, 1.5 km wide, and 30 m thick.  The plume has been well-
characterized (19, 20) and has been the site of numerous studies focused on the fate and 
transport of inorganic and organic constituents, surfactants, and microorganisms (17, 18, 
20-27). The aquifer is characterized by an average hydraulic conductivity of 1.3 x 1  m/s 
and a porosity of 0.38 with average porewater velocities ranging from 0.3 to 0.5 m/day 
(19, 20). 
The continuous injection tracer test was conducted at a multilevel sampling well 
array used for the previous pulsed tracer tests (17, 18) located approximately 300 m 
downgradient from the infiltration beds. The multilevel monitoring wells each have 15 
discrete sampling ports vertically spaced at 0.6 m intervals that span a vertical distance of 
approximately 8 m, from 5.6 to 14.4 m below land surface (BLS) (Figure 4.1). At this 
location the aquifer has a vertical geochemical profile due to uncontaminated groundwater 
from recharge overlying the contaminant plume (20, 21). There is a 2-m thick transition 
zone between the uncontaminated and contaminated groundwater characterized by a sharp 
increase in specific conductivity and a decrease in dissolved oxygen concentration. The 
tracer test was conducted in the transition zone at approximately 8.5 m BLS with 71 
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Figure 4.1. Schematic of the field tracer experiment including the location of the injection 
well and downgradient multilevel monitoring wells (M7 and M1) and sampling ports. 72 
background dissolved oxygen concentration and specific conductivity of 1 mg/L and 180 
p.s/cm, respectively. The background LAS concentration was at detection (-0.01 mg/L). 
Column Experiments. To investigate the relationship between dissolved oxygen 
concentration and LAS biodegradation, column experiments were conducted under 
variable oxygen conditions.  Aquifer sediments were collected from 8.5 m BLS at the 
tracer test site in 1.5 m x 5 cm-diameter aluminum liners with hollow-stem auger drilling 
and a wireline-piston core barrel.  Groundwater was pumped from a sampling port also 
located 8.5 m BLS into 1-L glass bottles. Sediments and groundwater were stored at 4 °C. 
The sediments were packed as a groundwater slurry into sterilized glass columns 
25 cm long with 2.5 cm internal diameters. The columns were designed so that the 
sediments and column effluent were not in contact with the ambient atmosphere and were 
exposed only to oxygen supplied in the influent solution (Figure 4.2). The packed columns 
had a porosity of 0.40 based on the measured sediment bulk density (1.64 g/c  ), 
sediment mass, and column volume. Influent solutions of 13 mg/L LAS (Condea Vista, 
Austin, TX) and 35 mg/L bromide (Aldrich Chemical Company, Milwaukee, WI) in 
groundwater were continuously delivered to the columns with a Beckman model 110A 
HPLC pump (Beckman Instruments, Inc., Fullerton, CA). The homolog distribution of the 
LAS mixture was 22% C10, 39% C11, 29% C12, and 9% C13. New influent solutions were 
prepared every 1-2 days to avoid contamination and biodegradation of LAS. The flowrate 
of 3.3 mL/hr corresponded to a porewater velocity of 0.44 m/d calculated from the 
column porosity and cross-sectional area and was comparable to values calculated for the 73 
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Figure 4.2. Schematic of the laboratory column experiments. 74 
aquifer in the vicinity of the tracer test.  The column experiments were performed at 25 
°C.  
The influent dissolved oxygen concentration was controlled by varying the air-
nitrogen ratio in the glove bag atmosphere and by allowing the influent solution to 
equilibrate with the atmosphere in the glove bag. The aerobic column was operated for 10 
days at 8 mg/L dissolved oxygen. The variable-oxygen experiment was conducted over a 
83-day period with influent dissolved oxygen concentrations ranging from 0.5 to 8.0 
mg/L. Dissolved oxygen concentrations in the column influent and effluent were measured 
colorimetrically (CHEMetrics, Calverton, VA). Influent and effluent samples were 
collected in 15 mL glass vials, preserved with 1% v/v formalin, and stored at 4 °C until 
analyzed for bromide, LAS, and total free-living bacteria by methods previously described 
(6,  18, 28).  Determinations of active cell concentrations were made on unpreserved 
samples using fluorescein diacetate (FDA) coupled with epifluorescent microscopy (29). 
Sediment-bound biomass was determined before and after the experiments by means of 
phospholipid analysis (30, 31). 
Continuous Injection Tracer Test.  The continuous injection tracer test was 
conducted between June 18 and October 26, 1995. A stock solution of NaBr (16 g/L, 
Aldrich Chemical Company, Milwaukee, WI) and a commercial mixture of LAS (4 g/L) 
was prepared in degassed distilled water. The homolog distribution of the LAS mixture 
was the same as for the column experiments. The solution was filtered through a 0.2 
polycap filter  (Whatman International Ltd., Maidstone, England) and pumped into an 
autoclaved, nitrogen-purged 5-gallon glass carboy fitted with a rubber stopper. 75 
During the injection, the stock solution was stirred constantly and maintained 
under N2 (-2-3 psi) that had passed through a 0.2 p.m bacterial air filter (Gelman Sciences, 
Ann Arbor, MI). The stock solution was pumped with a peristaltic pump (Manostat 
Corporation, New York, NY) at a flowrate of 0.5 mL/min and mixed in-line with 
groundwater from the transition zone that was pumped from a nearby supply well with a 
Geo Tech peristaltic pump (Environmental Equipment, Inc., Denver, CO) (Figure 4.1). In-
line 0.2 µm filters (Gelman Sciences, Ann Arbor, MI) were also connected between the 
mixing junction and the stock solution and an HPLC back-pressure regulator (Scientific 
Systems, Inc., State College, PA) was installed to prevent groundwater from entering the 
carboy (Figure 4.1). All tubing used in the injection system was either copper or stainless 
steel except the peristaltic pumps, which were fitted with low gas-permeability Norprene 
tubing (Cole-Parmer Instrument Company, Chicago, IL). 
Based on the current estimated hydraulic gradient and predicted tracer plume path, 
the injection well was installed just prior to the test in a location such that the tracer plume 
would intersect wells that had not been used in previous LAS tracer experiments. The 
supply and injection wells consisted of 0.9 m screened stainless steel drive points with a 
PTFE mesh liner (Solinst Canada Ltd., Georgetown, Ontario) connected to copper tubing. 
The screened intervals of the supply and injection wells were centered at 8.5 m BLS in the 
transition zone and had comparable groundwater chemistry (-1 mg/L dissolved oxygen 
and 180 0/cm specific conductivity). The bromide, LAS, and groundwater injectate 
solution was injected continuously for 61 days from June 18 to August 18, 1995 at an 
average flowrate of 100 + 5 mL/min. 76 
Daily analysis of injectate samples verified constant bromide (93 mg/L) and LAS 
(23 mg/L) concentrations. Dissolved oxygen concentration in the injectate was increased 
from 1 to 2.5 mg/L on day 30 by splicing a 15 m-length section of silicone tubing, which 
has a greater gas permeability than the Norprene tubing, into the injection system, which 
allowed oxygen to diffuse into the injectate. Approximately 8000 L of injectate containing 
740 g bromide and 191 g LAS were injected during the experiment. 
Wells located downgradient from the injection well were monitored for 130 days 
from the beginning of the tracer test until October 26, 1995 (Figure 4.1).  Groundwater 
samples for bromide, LAS, and bacteria analysis were collected in polyethylene bottles 
daily from sampling ports using a peristaltic pump fitted with Norprene tubing, and 
preserved and analyzed according to methods previously described (6,  13,  18, 28). 
Dissolved oxygen concentrations were measured colorimetrically in the field during 
sample collection (18). 
Results and Discussion 
Column Experiments.  Nearly complete breakthrough of the LAS mixture 
occurred within 1 day in the aerobic column experiment. After a 3-day lag, the LAS 
concentration steadily decreased to below detection (-0.01 mg/L) by day 8 (Figure 4.3). 
Note that the decrease in LAS concentration occurred while LAS was continuously being 
applied to the column. The increasing rates of LAS removal during the 10-day experiment 
suggest acclimation or perhaps an increase in biomass. Although no increase in the total 
number of free-living bacteria was observed in the column effluent during the test, the 
concentration  of  active  cells  increased  ten-fold  as  the  biodegradation  rate 77 
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Figure 4.3. Breakthrough curves for total LAS, dissolved oxygen, and active cells in the 
aerobic column. 78 
increased (Figure 4.3). After completion of the experiment, phospholipid analysis of the 
column sediments determined that sediment-bound biomass also increased 2.4 times over 
the background concentration of 1 x 107 cell/g sediment but only in the top 3 cm of the 
column. 
The longer alkyl chain homologs and external isomers initially were preferentially 
biodegraded and had higher removal rates, which is consistent with previous laboratory 
studies (10, 11, 32). Dissolved oxygen concentration in the column effluent decreased 
from 8 to 4 mg/L (Figure 4.3). 
In contrast to the aerobic column in which LAS was readily and completely 
biodegraded, little biodegradation occurred during the first 28 days (Region I) of the 
variable-oxygen column experiment when the influent dissolved oxygen concentration was 
0.5 mg/L (Figure 4.4). The LAS relative concentration, C/Co, where C is the observed 
concentration and Co is the injectate solute concentration, averaged 0.93 ± 0.06 and a 
small but measurable quantity of the 2-phenyl C12 and C13 isomers was degraded (Figure 
4.5a). The relative mass, Mrei, for Region I was estimated as the amount of LAS observed 
in the effluent normalized to the amount injected (Table 4.1). LAS mass removal rates, 
kmass, ( mg/L-day) for total LAS and the Clo-C13 2-phenyl isomers were calculated from 
Mrei and a column residence time of 0.7 days (Table 4.1). The mass removal rate for total 
LAS was 1 mg/L-day. 
On day 29 of the experiment the influent dissolved oxygen concentration was 
increased from 0.5 to 3.0 mg/L. After an apparent 10-day lag, biodegradation rates 79 
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Figure 4.4.  Breakthrough curves  for  total LAS and dissolved oxygen  in  the 
variable-oxygen column experiment. Regions correspond to the following dissolved 
oxygen concentrations: I. 0.5 mg/L II. 3 mg/L III. 8 mg/L IV 3 mg/L. 80 
30  a. Region I 
20  
10  
0  
-10  
20  
30  b. Region II  
20  
10  
-; 
0  
-10  
-20  
e41;. 
30  c. Region III  
20  
10  
F  h o 
c.) 
-10  
20  
30  d. Region IV  
20  
10  
et  0  
L.) 
20  
44 34 2-0 15-4 44 34 24 j 5-0 44 34 24 154 44 34 24  1 5-4,  
C10  C.11  C12  C*13 
Figure 4.5. Change in LAS mixture composition represented as the difference between the 
% of total mass of each LAS component in the column influent and effluent in the four 
regions of the variable-oxygen column experiment. The symbol 4) denotes the phenyl 
group. 81 
Table 4.1. LAS Homo log (2-phenyl isomers) Relative Masses and Mass Removal  
Rates, kmass, (mg/L-day) from the Continuous Test and Variable-Oxygen Column.  
M7  Column  M7  Column 
Region I  Region I  Region II  Region II 
Homo log  Mrel  kmass  Mrel  kmass  Mrel  Mrel 
C10 2-4)  0.97  0.005  0.98  0.038  0.76  0.039  0.30  1.22 
C11 2-4)  0.83  0.061  0.96  0.15  0.65  0.125  0.34  2.39 
C12 2-4)  0.61  0.056  0.85  0.19  0.38  0.089  0.15  1.06 
C13 2-4)  0.22  0.019  0.61  0.069  0.26  0.018  0.07  0.16 
increased until day 46 when the rate became constant (LAS C/Co = 0.37 ± 0.06) (Region 
II, Figure 4.4). In this period, the effluent dissolved oxygen concentration was =1 mg/L, 
indicating that 1.5-2.0 mg/L dissolved oxygen was consumed (Figure 4.4). Mass removal 
rates for the individual LAS homologs (Table 4.1) and total LAS (9.3 mg/L-day) 
increased in Region II and resulted in increased depletion of the 2-phenyl isomers of all 
homologs and enrichment of the short alkyl chain internal isomers (Figure 4.5a and b). 
When the influent dissolved oxygen concentration was increased from 3.0 to 8.0 
mg/L on day 59,  LAS concentrations declined rapidly with no observable lag to an 
average C/Co of 0.12 ± 0.02 over the period from 61 to 70 days (Region III, Figure 4.4) 
and the removal rate for total LAS mass was 18 mg/L-day. The only LAS components 
present in the effluent were the short alkyl chain internal isomers (e.g., 5- and 4-phenyl C10 
and 5-phenyl C11) (Figure 4.5c). Interestingly, these are the same LAS components 
reported to persist at the field site in the sewage-contaminated groundwater, characterized 
by an average residence time of >3 years (4). Within Region III, the effluent dissolved 82 
oxygen concentration increased to only 3 mg/L indicating that oxygen consumption and 
biodegradation increased concomitantly with an increase in influent dissolved oxygen 
concentration. The temporary increase in LAS concentration on day 72 was a result of a 
two-fold increase in influent LAS concentration during days 71-76 (Figure 4.4). The 
system responded quickly to reduce LAS concentration back to the levels observed prior 
to the increase in influent LAS concentration, which is a typical response of biologically-
active systems (11). 
On day 77, the influent dissolved oxygen concentration was decreased to 3.0 
mg/L. Subsequently, the LAS C/Co increased to 0.33 ± 0.05 with a total LAS mass 
removal rate of 12 mg/L-day during days 78-83 (Region IV, Figure 4.4), which is 
comparable to  rates computed for Region  II  that had similar  dissolved oxygen 
concentrations. Rates of oxygen consumption (1.5-2.0 mg/L) also were similar in Regions 
II and IV (Figure 4.4). An increase in biodegradation rates and a change in LAS mixture 
composition with increasing dissolved oxygen suggest a relation exists between dissolved 
oxygen concentration and LAS homolog biodegradation rates. Furthermore, these results 
suggest that the selectivity for the longer alkyl chain external LAS isomers in the mixture 
is retained under all oxygen conditions, which is in contrast to reports of laboratory 
studies operated under fully aerobic conditions in which biodegradation rates did not vary 
significantly for the different LAS homologs and isomers (8, 9). 
The longer lag in the variable-oxygen column (10 days) relative to the aerobic 
column (3 days) suggests that the low dissolved oxygen concentration in the variable-
oxygen column initially may have slowed rates of microbial growth because oxygen 83 
concentration was the only difference between the two column experiments. Phospholipid 
analysis of the variable-oxygen column sediments after day 83 indicated that the sediment-
bound biomass increased 3.5 times over the background value (1 x 107 cells/g sediment) 
during the 83-day experiment but only in the first 3 cm of the column, as was observed in 
the aerobic column. Other laboratory studies reported that bacterial acclimation to LAS is 
necessary before biodegradation begins; the induction of enzymes necessary for co-
oxidation is presumed to occur during the acclimation period (10, 11).  However, the 
sewage-contaminated sediments and groundwater used in these experiments had prior 
exposure to low LAS concentrations (10 µg/L), which suggests that the observed lag was 
more likely due to an initially low number of LAS-degrading bacteria rather than to 
enzyme induction.  Therefore, the increasing LAS removal rates in Regions II and III, 
which led to a decline in LAS concentration, may have resulted from the increased 
biomass near the column inlet once sufficient oxygen was supplied to the column. 
Continuous Injection Tracer Test. The tracer plume intersected downgradient 
monitoring wells M7 and M1 in sampling ports located between 7.9 and 9.1 m BLS 
(Figure 4.1). The largest concentrations were observed in wells M7 and M1 at 7.9 m BLS, 
indicating that the plume passed most directly through these sampling ports.  This 
suggests that the injectate solution flowed mostly from the top portion of the 0.9 m 
screened injection well since the screened interval was centered at 8.5 m BLS. Maximum 
values of C/Co approached 1.0 indicating that only little dilution occurred in the plume's 
interior. 
For the purpose of brevity, the discussion will focus on results from well M7 at a 
depth of 7.9 m BLS. Breakthrough curves for LAS components were constructed by 84 
normalizing the concentrations of each component to its concentration in the injectate 
(Figure 4.6). Separation of the surfactant mixture was observed during transport.  The 
leading edges of the breakthrough curves for bromide and the more hydrophilic shorter 
alkyl chain LAS components (i.e., C10 and C11) were nearly coincident, whereas the more 
hydrophobic LAS components (i.e., C12 and C13) were noticeably retarded relative to 
bromide (Region I, Figure 4.6). Retardation factors, R, and sediment partition coefficients, 
Kd, for each LAS component were estimated from the breakthrough curves using the first 
temporal moment, M1 (18, 33, 34). Values of R (1.0-1.4) and Kd (0.00-0.14 L/kg) were 
comparable to values calculated in pulsed tracer tests conducted at this site (17, 18) and 
varied as a function of alkyl chain length and phenyl position such that sorption increased 
with increasing hydrophobicity (17, 18, 35). Unlike the shorter alkyl chain homologs and 
bromide, the longer alkyl chain homologs were attenuated and never attained C/Co values 
near  1.0.  In addition, the tailing edges of the breakthrough curves of the more 
hydrophobic, longer alkyl chain homologs were not retarded relative to bromide nor the 
shorter alkyl chain homologs (Region II, Figure 4.6). If partitioning to sediment were the 
only process affecting LAS, the tailing edges of the more hydrophobic LAS homologs 
should be retarded relative to bromide, as has been previously observed during pulsed 
tracer tests conducted at this site (17, 18). Therefore, because sorption is an equilibrium 
process (i.e., reversible), the shape of the breakthrough curves suggest that additional 
processes (e.g., biodegradation) are occurring that result in the removal of the long alkyl 
chain homologs. 85 
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Figure 4.6. Breakthrough curves for bromide, the individual LAS homologs (2-phenyl 
isomers), and dissolved oxygen at well M7 during the continuous injection tracer test. 86 
The total mass of bromide and LAS passing the monitoring well were estimated 
from the zeroeth temporal moments, Mo, of the breakthrough curves (18, 33, 34). 
Relative mass, Mrel, which is the value of Mo for a given solute normalized to that of the 
conservative bromide tracer, was used to determine whether the mass of a given LAS 
component was conserved (M rel  1) or removed (WI < 1) during the test (18, 23, 34). 
Relative mass estimates for total LAS over the entire test were less than unity at wells M7 
(0.85) and M1 (0.86), indicating significant mass removal within the first 3.9 m of 
transport with no significant additional removal between 3.9 to 6.1 m downgradient. This 
is in contrast to the pulsed test previously conducted in the transition zone in which 
relative mass progressively decreased over the entire 9.4 m transport interval (18). 
Region I is defined as the first 30 days of the injection conducted with an injectate 
dissolved oxygen concentration of -1.0 mg/L (Figure 4.6). The dissolved oxygen 
concentration increased from background -0.5 mg/L to -1.0 mg/L as the tracer plume 
arrived at well M7 on day 12 and then declined rapidly to -0.4 mg/L on day 30 (Figure 
4.6). The decline in dissolved oxygen concentration on day 30, which is indicative of 
biodegradation, coincided with the breakthrough of the C13 2-phenyl isomer (Figure 4.6), 
suggesting that both sorption and biodegradation processes were likely responsible for the 
apparent retardation and attenuation relative to the more hydrophilic LAS components. 
Biodegradation in Region I, indicated by decreasing WI values (Table 4.1), resulted in a 
mixture depleted in the longer alkyl chain homologs and external isomers (Figure 4.7a). 
Region II  is  defined as day 42 to 74 with an injectate dissolved oxygen 
concentration of -2.5 mg/L. Dissolved oxygen concentrations increased to 1.8 mg/L on 87 
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Figure 4.7. Change in LAS mixture composition represented as the difference between the 
% of total mass of each LAS component in the column influent and effluent in the two 
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day 43 and subsequently decreased to -0.5 mg/L for the remainder of the test (Figure 
4.6). In addition, a ten-fold increase in the number of free-living bacteria was observed in 
Region II. Mass removal rates were calculated from Mies values and an estimated residence 
time of 12.5 days.  Greater removal of the LAS homologs was observed in the higher-
oxygen Region II than in Region I, demonstrated by lower WI values and  higher mass 
removal rates in Region II (Table 4.1). In addition, the LAS mixture in Region II was 
more enriched in internal isomers (i.e., 4- and 5-phenyl) and short alkyl chain homologs 
(Figure 4.7b) compared to Region I (Figure 4.7a). 
The experimental conditions in Regions I and II in the field test were comparable 
both in duration and dissolved oxygen concentration to those in the variable-oxygen 
column experiment. Generally lower Mrei values and greater mass removal rates of the 
LAS components were observed in Region II compared to Region I in both the field and 
laboratory (Table 4.1). In addition, similar LAS mixture compositions were observed for 
Region I (Figures 4.5a and 4.7a) and Region II (Figures 4.5b and 4.7b) of the field test 
and the variable-oxygen column experiment. Note that greater depletion of the longer 
alkyl chain homologs and external isomers is exhibited in Region II which had greater 
oxygen concentrations. In contrast to LAS biodegradation under aerobic conditions, LAS 
persisted with little biodegradation occurring under the low-oxygen conditions in both 
column and field experiments. The rapid and complete biodegradation observed in the 
aerobic column and Region III of the variable-oxygen column indicates that increased 
dissolved oxygen concentrations can potentially stimulate further LAS biodegradation. 
These laboratory results suggest that an additional increase in the injected dissolved 89 
oxygen concentration in the continuous field test would have  resulted in increased 
biodegradation rates over those actually observed under low-oxygen conditions (1mg/L 
dissolved oxygen). 
The differences in the biodegradation rates and mixture composition observed 
between Regions I and II in the field and laboratory indicate that increased oxygen 
availability resulted in increased rate and extent of LAS biodegradation. However, the 
mass removal rates in Regions I and II of the variable-oxygen experiment were generally 
at least 2-3 times greater than those observed in the field (Table 4.1). For example, in 
Regions I and II combined, 26% of the injected LAS was biodegraded in the column, 
whereas 15% of the injected LAS was degraded in the field. Differences between the 
laboratory and field may be attributed partially to the temperature difference between the 
field (-12 °C) and the laboratory (-25 °C). For example, previous laboratory studies 
conducted with river waters reported inhibition of LAS biodegradation at 10 °C, with 
maximum rates observed at 25 °C (36). However, both types of experiments described in 
this  study  predicted  preferential  biodegradation  of the LAS mixture,  increased 
biodegradation rates with increased dissolved oxygen concentration, and persistence of 
LAS under oxygen-limited conditions. 
The parallel between Region I of the continuous test and the pulsed tracer test 
previously reported (18), both of which were conducted in the transition zone under 
similar biogeochemical conditions, allows for comparison of the two types of field tests. 
The field conditions, including injected LAS and dissolved oxygen concentrations, 
residence time (-12 days), and duration (-30 days), were comparable in both the pulsed 90 
test and Region I of the continuous test, (18). However, LAS was  continuously injected 
for 30 days in the continuous test whereas in the pulsed tracer test LAS was injected as a 
3-hr pulse resulting in a pulse width of 8 days (based on width at half maximum peak 
height). Thus, while the residence times between the injection well and the  first 
downgradient monitoring well were similar in the two tracer tests, the overall exposure 
time of the aquifer sediment to LAS was greater during the continuous test.  In both the 
continuous and pulsed tracer tests, dissolved oxygen concentrations declined to <0.5 mg/L 
as a result of LAS biodegradation. Estimated values of Mrel  for the C10-C13 2-phenyl 
isomers from the pulsed test and corresponding mass removal rates were comparable to 
those in Region I of the continuous tracer test (Table 4.1). Similar results from the two 
tests indicate that increased exposure time did not increase biodegradation rates and that 
LAS biodegradation proceeds only slowly under oxygen-limited groundwater conditions, 
which is supported father by the results of the low-oxygen Region I in the variable-oxygen 
column experiment. 
Previous studies have reported LAS biodegradation in subsurface sediments to 
follow first-order kinetics (7, 9), which assumes that no microbial growth occurred. 
Reported first-order rate constants for the LAS mixture mineralization range from 0.03-
0.06 day' (7,  9). Assuming first-order kinetics in the low-oxygen Region I of the 
continuous tracer test, first-order rate constants ranging from 0.002-0.08 day' for the C 10-
C13 2-phenyl isomers were estimated from M rel and the residence time (12.5 days) as 
previously described (18) and were comparable to those estimated for the pulsed test 
(0.002-0.09 day') (18). It should be noted that only the rates for the more biodegradable 91 
LAS components (e.g., the C12 and C13 2-phenyl isomers) were comparable to reported 
literature values. First-order rate constants estimated from the low-oxygen Region I of the 
variable-oxygen column experiment (0.03-0.7 day') were greater by an order of 
magnitude than those from the continuous or pulsed tests, further demonstrating the 
tendency for laboratory experiments to predict greater rates than are observed under in 
situ conditions. Increasing rates of biodegradation and measurements of increased biomass 
for column experiments indicate that bacterial growth may have occurred; thus, it may not 
be appropriate to determine first-order rate constants for these conditions.  For this 
reason, a model that incorporates bacterial growth will be considered in the future to 
describe these regions. 
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Chapter 5 
Summary 
Sorption and biodegradation of a LAS mixture were investigated under in situ 
groundwater conditions using natural-gradient tracer tests in two biogeochemically-
distinct zones of a sewage-contaminated aquifer: (1) an aerobic uncontaminated zone and 
(2) a moderately-aerobic sewage-contaminated zone. The solid phase extraction and in-
vial elution method that coupled disk elution with injection-port derivatization proved to 
be a rapid and cost-effective means for analyzing LAS in groundwater samples. The 
developed method was used  subsequently  to  determine LAS concentrations  in 
groundwater samples collected from the natural-gradient tracer tests. 
Chromatographic separation of the LAS mixture occurred during tranport and was 
attributed to preferential sorption of the more hydrophobic LAS components in a manner 
consistent with a hydrophobic sorption mechanism. Although sediment organic carbon 
content was similar in the two zones, the lower groundwater pH and sediment metal oxide 
coatings in the uncontaminated zone may be responsible for the greater degree of sorption 
in the uncontaminated zone than that observed for the sewage-contaminated zone. 
While LAS was readily and completely biodegraded under aerobic column 
conditions,  the  absence  of LAS biodegradation  in  the  uncontaminated  aerobic 
groundwater zone indicates that aerobic conditions are not the only prerequisite for LAS 
biodegradation. Biodegradation removed 20% and 15% of the LAS mass injected into the 
sewage-contaminated zone in the pulsed and continuous tracer tests, respectively, and 96 
reduced dissolved oxygen concentrations to levels comparable to those in the suboxic 
zone  in  which  no  biodegradation  was  observed.  The  formation  of LAS 
sulfophenylcarboxylate metabolites accounted for 86% of the LAS mass removed in the 
pulsed tracer test suggesting that the metabolites were stable and that LAS and its 
metabolites likely will persist under oxygen-depleted groundwater conditions. 
Rate constants for LAS biodegradation under moderately-aerobic conditions were 
comparable in both the pulsed and continuous tracer tests conducted under similar 
biogeochemical conditions, which indicates that increased exposure time of the aquifer 
sediments to LAS did not increase biodegradation rates. Rather, the rates of LAS 
degradation  are  limited  by low groundwater  dissolved  oxygen  concentrations. 
Biodegradation rates increased for the longer alkyl chain homologs and external isomers 
but were generally 2-3 times greater in the column experiments than in the field under 
similar dissolved oxygen concentrations. Biodegradation rates increased and the LAS 
mixture composition changed as dissolved oxygen concentration increased. However, 
LAS was persistent under low-oxygen conditions in both laboratory and field experiments. 
Sorption and biodegradation affected the surfactant mixture composition and thus 
the physicochemical properties of the mixture, which has implications for in  situ 
surfactant-enhanced remediation. Preferential sorption and biodegradation of the longer 
alkyl chain homologs and external isomers resulted in aqueous phase mixtures enriched in 
the more hydrophilic, therefore mobile components, which potentially are transported over 
greater distances. Although the LAS mixtures become enriched in the more biologically-
resistant components, the overall toxicity of the mixture decreases. 97 
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